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ABSTRACT
Louisiana contains about 40% of the conterminous United States coastal and estuarine
wetlands but also has the highest rates of wetland loss at around 80% of the total. Approximately
4,900 km2 of coastal land in Louisiana has been lost since 1930. Our study location, Barataria
Bay, has one of the highest coastal wetland erosion rates in the nation, at ∼41 km2 per year; and
therefore, is a high priority for wetland restoration activities. In 2014, sandy sediment dredged
from the bed of the Mississippi River was placed in Barataria Bay as part of a restoration effort.
Samples were taken from each of two marsh creation areas and one natural, adjacent control
marsh. The moisture content and bulk density of the marsh creation areas were 48% and 596% of
the control marsh, respectively. The total C and total N values were 17.9% and 14.2% of the
control marsh, while microbial biomass C and N were 16.6% and 25.4% of the control marsh,
respectively. The N mineralization rates in the created marsh soil were 15.6% of the control
marsh, indicating significantly less soil microbial activity in the created marsh areas.
When comparing the surface soil changes over time, the MC has increased in 4 years
from 34.9% to 62.8% of the control marsh, while bulk density decreased from 583% to 405% of
the control. The total C increased from 15.4% to 28% and TN increased from 7.4% to 23.7% in
the surface soil compared to the control; while total P decreased from 42.5% to 39.7% in the
surface soil. MBC increased from 13.1% to 24% and MBN increased from 4.7% to 47% in the
surface soil compared to the control marsh. The N mineralization rate increased from 3.6% to
26.1% of the control in the surface soil, indicating an increase in nutrient availability to plants.
Using data from two time points, the estimated trajectory of select marsh soil physiochemical
and microbial measures to reach 95% of the control marsh is 18.4  6.7 years. More time points
are needed to better estimate the time lag until full wetland function.

vii

1. CHAPTER 1. REVIEW OF LITERATURE
1.1 History of Louisiana Wetlands
The modern-day Louisiana coastline began to form about 7,000 years ago as sea-level
rise slowed dramatically at the end of the last glacial period (Turner, 2009). The lower
Mississippi River then shifted course six times in order to try to find the shortest route to sea.
This pattern of delta growth and abandonment continued until the current bird-foot delta formed
about 200 years ago. The Louisiana coastal zone consists of the Chenier Plains on the west and
the Mississippi Deltaic Plain to the east (Turner, 2009). The corresponding Deltaic Plain is a
combination of several deltaic lobes with overlapping basins, and is a consequence from the
interaction of the Mississippi River with the Gulf of Mexico. The Mississippi River wandered
back and forth throughout southeast Louisiana in a never-ending succession of channels,
depositing silt and other sediments from all over the country. Over time, these silt and sand
deposits resulted in a low elevation fertile wetland coast comprised of estuaries, bayous, and
lakes. In some areas, the marshes extend for sixty miles inland from the shoreline (Gramling and
Hagelman, 2005). The current river path distributes its flow through a “bird foot” shaped
distributary system located in the southeastern corner of Louisiana; also referred to as the Balize
delta. The current arrangement of the lower Mississippi River, however, is not effective at
building wetlands (Boesch et al., 1994). There were two human interventions throughout the
1900’s that significantly changed Louisiana’s wetlands forever; the construction of levees and
the dredging of canals.
The coastline of Louisiana has been eroding at an alarming rate over the past century.
Between 1930 and 1990 about 3,954 km2 of land was converted to open water in coastal
Louisiana, which is about the size of Rhode Island. This comprised of about 18% of the coastal
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land present in Louisiana in 1930, and about 30% of this land loss came from the Chenier Plain
alone (Turner, 2009). Coastal erosion has become a massive problem for not only Louisiana, but
all over the world, due to the increase of urbanization and other human interventions in coastal
processes. Majority of the sandy coasts all around the world are classified as eroding, including
estuaries and bays. These human interventions include the construction of levees, offshore and
channel dredging, decreased sediment supply from rivers, and the destruction or disappearance
of marshes, beaches, and coastal sand dunes (Dugan et al., 2011). The rate in which Louisiana’s
coastal wetlands are disappearing increased drastically in the late 1900’s, and wetlands continue
to disappear at a rate over 65 km2 each year (Boesch et al., 1994). This rate of loss poses a
significant threat to not only the citizens of Louisiana, but also to the nation’s coastal resources,
as Louisiana contains 40% of the nation’s coastal wetlands.
The accelerated rate of wetland erosion in Louisiana is primarily due to subsidence, or
the sinking of the land, that is occurring in the area due to the deficiencies in the buildup of soil
to offset sea-level rise. Soil subsidence is a result of the accumulation of fine-grained sediments
that consolidate, compact, and oxidize, resulting in a loss of soil volume (Turner, 2009). The
Mississippi River historically would flood annually, providing essential nutrients and sediment to
the nearby wetlands. Rivers and bayous carry a sediment load, and as the water velocity slows
towards the mouth of the river the sediment gets deposited. As the rivers and bayous deposit
their sediment load, they form the deltas of coastal Louisiana. The deposits from these deltas
form the barrier island ark that serves as the first line of protection from dangerous hurricanes.
Deposition also occurs when rivers flood. The water overtops the banks of the river and loses
some of its sediment, forming a “natural levee” over time (Gramling and Hagelman, 2005). It
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was these processes that led to the formation of one of the most unique ecosystems in the
country.
The construction of the levees along the Mississippi River and their detrimental impact to
the surrounding coastal wetlands of Louisiana cannot be overstated. Levees along the lower
Mississippi River prevent it from changing course, while restricting the input of freshwater and
vital sediments into nearby wetlands during river floods (Day et al., 2008). This situation
inhibited the natural flood water flow over the natural levees of the river. Now the river is forced
to deposit its vital sediment and nutrient load off the continental shelf in the Gulf of Mexico
(Boesch et al., 1994), which can lead to other environmental impacts such as hypoxia, which is
the lack of oxygen, in the Gulf. While the nutrient load carried by the Mississippi River enhances
primary production in the coastal wetlands of Louisiana, the river also carries contaminants from
northern states and delivers excessive nutrient loads to the northern Gulf of Mexico. Seasonal
development of hypoxia zones form along the coast of Louisiana which lead to severe
eutrophication in parts of the northern Gulf of Mexico due to this massive nutrient load being
dumped into the Gulf (Chesney et al., 2000). Impoundments made of dikes or ridges with water
control structures have also been proven to reduce tidal exchange and reduce the influx of
suspended sediments leading to lower accretion rates, lower productivity, and a reduction in
migratory fish species (Day et al., 2008). The altering of tidal channels has also been associated
with increased stratification and hypoxia in well-developed estuaries and coasts (Dugan et al.,
2011).
Another human-induced impact on coastal erosion involves the vast system of canals
dredged in coastal Louisiana starting in the 1930’s for oil and gas extraction and navigation. The
construction of the canals modified the hydrology of the coast and increased erosion rates due to
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the increased exposure of the marshes to open water (Boesch et al., 1994). Dredging for
navigation routes began in Louisiana over 200 years ago, but it was the canals that were dredged
for oil and gas transportation beginning in 1930 that had significant consequences and influences
on Louisiana wetlands. Oil was first discovered in the coastal regions of the Gulf of Mexico in
the early 1900’s, sparking a huge hydrologic shift in coastal Louisiana. The geology of Louisiana
made exploration and extraction easy, resulting in the technological advances allowing for
offshore oil rigs. This resulted in the majority of the world’s coastal and offshore oil technology
to be developed in the Louisiana Deltaic Plain. Magnolia Petroleum Company drilled the first
offshore well in 1946 south of Morgan City. By the time environmental movements were being
established across the United States in the 1970’s, Louisiana already had highly developed
offshore fields (Gramling and Hagelman, 2005). Today, the Louisiana coastal wetlands are home
to an oil and gas infrastructure that provides one-third of the United States’ oil and gas supply
and 50% of the nation’s refining capacity. Ironically, one of the main reasons why the wetlands
are disappearing is because of this oil and gas infrastructure. In total, there were over 1,017 km2
of canals dredged by 1990, and an equal amount of spoil banks in adjacent wetlands, potentially
altering the surface hydrology and salinity of these systems (Turner, 2009).
There are much larger indirect implications from canals and dredged spoil deposits in
Louisiana wetlands. There are studies that show land-loss rates in the deltaic plain are directly
related to dredging (Turner, 2009). The amount of land loss where dredging is low is near zero,
and the land loss rates accelerated then slowed when dredging increased and then decreased in
Barataria Basin. There are plausible explanations for the relationship between land loss and
dredging. The loss of accumulated organic matter and altered hydrology cause plant stress and
eventual death. The rise and fall of land loss rates at the same time as an increase and decrease of
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dredging is not a coincidence. From 1960 to present day the total suspended solids in the river,
sea-level rise, and soil subsidence has all remained about the same; which implies that dredging
activities are correlated to land loss rates in coastal Louisiana (Turner, 2009).
1.2 Importance of the Wetlands
The wetlands in Louisiana are some of the most unique in the country. The rate at which
they are disappearing is alarming, because it’s not just an ecological problem, it’s a cultural issue
as well. There is an entire culture, a very unique culture, that is intertwined with the coastal
wetland environment. When looking at the United States from space, it is evident that the
Louisiana coastline is different from any other in North America. The eastern and western coasts
of Louisiana were formed in different ways over thousands of years. The Deltaic Plain of the
Mississippi River stretches from the west coast of Mississippi, over 200 miles westward to
Vermilion Bay. This region is a product of the Mississippi River and its many configurations
over thousands of years from draining half a country (Gramling and Hagelman, 2005). This
extremely vulnerable and valuable ecosystem also provides monetary value as well, as it hosts an
extremely biodiverse ecosystem that provides several ecosystem service values.
Natural ecosystems provide intangible benefits, directly and indirectly, to both animals
and people. Over the last decade, ecosystem services and their economic value have become a
main topic of interest for scientists, policy makers, and stakeholders (Mendoza-Gonzalez et al.,
2012). Ecosystem services are defined as any function of the ecosystem that provides benefits to
human well-being. There is extensive research on the crucial functions of coastal wetland
ecosystems and their importance toward local, regional, and national economies. For example,
coastal marshes can act as storm barriers, reduce flood risk and property damage for coastal
communities, promote nutrient cycling and assimilation, which helps prevent eutrophication to
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nearby estuaries, and provide habitat and food-web support for both commercial and recreational
fisheries (Mendelssohn et al., 2012). Louisiana coastal wetlands can also improve water quality
enhancement and play a major role in carbon sequestration. Healthy coastal vegetation, such as
mangroves, salt marshes, seagrass, and others, can also help buffer shores and retain sediments
against erosive processes such as tides, waves, and storms. These communities have valuable
resources and biogeochemical processes such as primary production, water filtration, nutrient
uptake, detrital production and degradation, and carbon fixation (Dugan et al., 2011). Over time,
the expansion of agriculture and the construction of levees have had a significant impact on
ecosystem services and their economic values. Beaches, dunes, and wetlands are the areas whose
surfaces have been reduced the most, despite these ecosystems having the highest estimated
economic service values such as water supply, recreation, and storm protection. These wetlands
also have monetary value, as they provide about 30% of the country’s commercial fishery
production (Mendoza-Gonzalez et al., 2012).
Global interest in ecosystem services has increased significantly since its formalization
by the United Nations Millennium Ecosystem Assessment (MA) in 2005. The MA classified
ecosystem services into four categories: provisioning, regulating, supporting, and cultural.
Ecosystem services in each branch contribute to societal well-being, economics, and culture, as
well as their direct environmental impacts. Coastal wetlands can perform many of these services,
and their formal recognition of their wide-range of benefits provides the foundation to link the
coastal environment with the human economy in practical terms (Mendelssohn et al., 2012). This
complex and highly productive marine ecosystem of southern Louisiana has produced
cumulative fishery landings of over one billion pounds since 1969 (Chesney et al., 2000).
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Barrier islands extend for miles along the Louisiana coast, preserving a low-lying, fragile
ecosystem inshore. The barrier islands protect millions of hectares of coastal wetlands and
estuarine ponds and lakes, canals, and tidal creeks. These areas have an abundance of emergent
marsh grasses and submerged aquatic vegetation that hold high values for storm mitigation and
flood protection services for the coastal communities of southern Louisiana (Chesney at al.,
2000). The barrier islands of south Louisiana block wave action from hurricanes, and coastal
marshes soak up the flow of water, slowing the storm surge. The marshes around St. Bernard and
between Lake Bourne and Lake Pontchartrain limit the flow of water from the Gulf of Mexico
toward New Orleans. Bayou Lafourche is located south of New Orleans and the communities
there are experiencing subsidence of about half an inch per year. This is a dangerous pace,
considering the bayou is only a few feet above sea-level to begin with. The survival of New
Orleans depends on the health and maintenance of the Deltaic Plain coastline and the vulnerable
wetlands behind it (Gramling and Hagelman, 2005).
1.3 Climate Change Impacts on Coastal Wetlands
At the global scale, it is evident that human activities have been altering the climate at
rapid rates compared to historical geological records. The historical impacts of climate change
can be observed through monitoring and assessment of the geological records of coastal
Louisiana. Through experimentation and modeling, the changes can be attributed to the rapid
changing climate. Climate change can directly influence coastal and estuarine ecosystems
through accelerated sea-level rise, rising surface temperature, altered rainfall distribution, and an
increase in the frequency and intensity of tropical storms (Day et al., 2008). Recent sea-level rise
has led to significant geomorphological changes of coastal systems, salinity intrusion in
estuaries, and the massive loss of wetlands around the world, including the largest estuary in the
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United States, Chesapeake Bay. These affects will only get worse with expanding human
activities in coastal regions. Coastal wetlands can combat these influences through
ecogeographical responses such as changes in elevation, edge distribution, areal extent
(wetland:water ratio), and composition of sediment, but if the changing climate occurs at faster
rates than the ecological system response time it can cause changes to ecological functions and
structure (Day et al., 2008).
Coastal wetlands can respond to predicted sea-level rise, but human impacts combined
with sea-level rise will drastically affect coastal wetland ecosystems. Multiple stressors on
coastal wetlands can be exponentially more harmful than just one individual influence. Coastal
vegetative species have evolved strategies to combat the impacts of fluctuating water levels and
sea-level rise over time. These plants are mostly able to manage with moderate increases in
single stressors such as salinity, anoxia, and contaminants. However, when plants experience
multiple stressors in their environment, their ability to adapt is significantly reduced (Day et al.,
2008). Other properties of Louisiana’s coastal wetlands are also changing, including increased
salinity and changes to the hydrology, which could have significant consequences to the entire
ecosystem and longevity of the marshes. There have also been observed changes in the
vegetation of the wetlands to more salt-tolerant species throughout coastal Louisiana, with the
exception of the Atchafalaya River mouth (Boesch et al., 1994). In order to manage climate
change, society must obtain a balance between promoting ecosystem goods and services while
also protecting human structures and activities.
Throughout the 1900’s sea-level rise was between 1.5-2.0 mm year-1, and climate models
are predicting a eustatic sea level rise of anywhere between 20 and 60 cm during the 21st century,
but could be as high as 1 m (Dugan et al., 2011). Relative sea level rise will be much greater for
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some areas than others, especially coastal wetlands and estuaries. The exact amount of increase,
however, is almost impossible to predict especially when including the ice sheet dynamics of the
polar regions. Some models project sea-levels to rise throughout the 21st century due to several
factors associated with climate change, including the thermal expansion of water in the oceans,
melting of the polar ice caps, changing of glacial ice mass, and terrestrial water storage
uncertainty. The average global rate of sea-level rise is currently 3 mm year-1 (NOAA, 2008) and
is expected to increase to 4 mm year-1 by the year 2100, meaning potentially up to 200 cm (2 m)
of sea level rise in the oceans. Coastal storms are only projected to get more intense and
frequent, potentially increasing their destruction by up to 25% (Dugan et al., 2011).
Predicting tropical storms is far more uncertain, but evidence suggests that the frequency
and intensity of these storms will only increase driven by the increase in surface water
temperature. This projected rise in sea level and increasing destruction of storms will cause
accelerated erosion along shorelines and eventually an inland retreat of coastlines (Day et al.,
2008). Recent studies have produced strong evidence concerning the relationship between
tropical storm intensities and climate change. Emanuel (2005) reported that during the last half
century the sea surface temperatures have increased on average by 1 C, and during the same
time period total hurricane intensity and power increased by around 80%. Another study, Hoyos
et al. (2006), concluded that the increasing number of Category 4 and 5 hurricanes between 1970
and 2004 was directly linked to the rise in sea surface temperatures. Even if storm frequency and
intensity remain stagnant, as long as sea-levels continue to rise storm surges will impact areas
further inland and at higher elevations due to an increase in fetch and a decrease in storm
mitigation properties that the coastal wetlands provide (Day et al., 2008). Regardless if this
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recent intensification is due to chance or a decadal cycle, it is probable that there will be more
named storms and stronger hurricanes in the near future.
Geological subsidence contributes to the high rates of relative sea-level rise that is
occurring in coastal wetlands and deltas due to compaction, consolidation, and dewatering of the
sediments. Eustatic sea-level rise for the 20th century was 1-2 mm year-1 for the Mississippi delta,
compared to the relative sea-level rise of over 10 mm year-1 in the same area. Humans have
accelerated this rise in relative sea level through the withdrawal of water, oil, and gas (Day et al.,
2008). A better understanding of plant responses to eustatic sea-level rise is needed for the
future, and by studying the areas with high relative sea-level rise will give great insight for the
future of coastal wetlands. Human influence on coastal wetlands has also accelerated the
development of hypoxia in the Gulf of Mexico. Hypoxic waters form on the Louisiana and Texas
shelf from April through October annually, typically forming in waters less than 60 meters deep.
These hypoxia zones can affect up to 16,500 km2 of coastal bottom waters every summer. The
nutrients from the Mississippi River discharge cause excessive primary production which leads
to the depletion of oxygen in the bottom waters of the Gulf. Modeling the effects of global
warming suggests that increased nutrient loads, rising temperatures of the Gulf of Mexico, and
increasing CO2 concentrations will substantially expand the total area of hypoxia in the Gulf, but
not necessarily the intensity of the hypoxia (Chesney et al., 2000).
The only way for coastal wetlands to survive sea-level rise is if they migrate landward or
accrete vertically at an equal or greater rate as sea-level rise. The vertical accretion rate for
wetlands is a combination of the inputs of inorganic sediments and organic material to the soil.
Inorganic inputs to coastal wetlands can come from either the sea or terrestrial inputs, often
being riverine sources; whereas organic matter inputs are normally in situ. River water deposits
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sediment and nutrients that enhance organic soil formation. Organic material is normally
accumulated from in situ plant production belowground that leads to organic soil development
(Day et al., 2008). The higher the rate of inorganic and organic soil inputs into a wetland, the
higher rates of relative sea-level rise they can withstand. Coastal marsh vertical elevations have
persisted with historical sea-level rise of 1-2 mm year-1 through vertical accretion for thousands
of years. Assuming eustatic sea-level rise will increase to 2-7 mm year-1 over the next 100 years,
as predicted, coastal wetland accretion rates will have to be two to seven times higher in order to
survive (Day et al., 2008). Coastal and estuarine wetlands in areas of high subsidence, such as
southern Louisiana, will have to accrete at even greater rates to survive.
High accretion rates of greater than 10 mm year-1 have been observed in the Mississippi
delta before. These high accretion rates occur in areas that experience sufficient sediment inputs
from the Mississippi River leading to these high rates of accretion due to the mineral inputs that
lead to organic soil development (Day et al., 2008). With the levees along the lower Mississippi
River, it will be nearly impossible for the Mississippi Delta to obtain enough sediment and
nutrients to sustain an accretion rate of this caliber in the future. Even if the lower Mississippi
River was not leveed, its sediment load has decreased significantly over the past 80 years due to
a number of man-made flood control structures north of Louisiana; making it even more difficult
to supply the nutrient-starved wetlands of southern Louisiana with sufficient amounts of river
sediment. Due to the construction of the Missouri and Ohio river dams, sediment discharge into
the Mississippi delta has decreased by over 70% since 1860, which only added to the mass loss
of coastal wetlands in southern Louisiana. To make matters worse, a reduction in sediment
deposition along with a rise in sea-levels hurt coastal wetland chances to combat climate change.
The Mississippi River is not the only major river of the world to have its sediment load
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restricted. Many of the world’s largest rivers only carry a fraction of the sediment that they
historically did. The amount of sediment being carried in the Nile, Indus, and Ebro rivers have
all been reduced by over 95% of their historical flow, the Po River sediment load has been
reduced by about 75%, and the Rhone River has also been reduced by over 50% (Day et al.,
2008). This major loss in sediment loads has greatly influenced the vast loss of coastal wetlands
around the world.
In order to reduce the impacts of climate change on coastal wetlands it is necessary to
reduce human activities in the coastal areas. Management policy must recognize that pulses of
materials, such as nutrients being carried in freshwater, and pulses of energy from tropical
storms, are all necessary for managing coastal wetlands and sustaining the ecosystem’s natural
habitat. However, these pulses also negatively impact humans living in the coastal areas. Policy
makers must balance the need to protect human structures and way of life, while also allowing
for pulsing that promotes ecosystem goods and services (Day et al., 2008). “As great of a loss of
the destruction of the physical coastline of Louisiana will be to the nation, the loss of the culture
and communities that depend on this ecosystem will be equally tragic,” (Gramling and
Hagelman, 2005).
1.4 Coastal Wetland Restoration Practices
The largest source of funding for coastal restoration projects is the Coastal Wetland
Protection and Restoration Act Program (CWPPRA) which was authorized in 1991. The total
amount spent, authorized, or in design phase by CWPPRA projects between 1991 and 2006 was
$1.77 billion. Coastal protection and restoration efforts are estimated to cost $50 billion for
Louisiana alone, primarily focusing on the delivery of sediment to the coastal areas (Tweel and
Turner, 2014). The two main types of projects used for marsh creation in coastal Louisiana are
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marsh creation dredging and river diversions. Sediment can be dredged from several different
sources, such as river overbanks, river beds such as the Atchafalaya and the Mississippi, and
other borrow areas. The sediment is then hydraulically pumped to a site-specific location where
it is placed as a platform used to grow marsh vegetation. These types of projects are useful for
areas that are located within a close proximity to the borrow area, or the dredge site, and can
target very specific sites. However, pumping of the sediment is expensive, especially for a small
marsh creation project. River diversions have the capacity to divert large amounts of water and
river sediment from the Mississippi River and deposit this sediment load over a large area of
nearby wetlands. These are typically much larger projects but also have the capacity to restore
much larger areas of marsh with a more natural approach by reconnecting the river to the
surrounding wetlands.
Several river diversion projects have been designed and implemented along the lower
Mississippi River to try to combat salt water intrusion and attempt to re-introduce river
sediments and nutrients into nearby deteriorating marsh areas to help improve primary and
secondary productivity. The two largest river diversions in Louisiana are the Davis Pond
diversion and the Caernarvon river diversion, and are able to divert 300 and 227 m3 s-1 of river
water from the Mississippi River into nearby estuaries. The reasons for diverting river water into
estuaries is to reduce estuarine salinity, add sediments, and increase nutrients. Legally, the
reasons for building diversions was to reduce salinity; however, it is widely accepted that the
main reason for river diversions is to reintroduce sediments into the sediment-starved wetlands.
Even though the solid material in most deltaic wetlands are organic material, the inorganic
sediment from the river will increase soil volume and help the wetland grow vegetation (Turner,
2009).
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Based on the land meant to be created by all of the projects designed, completed, or
currently in construction through 2007, it has cost $179,087 per hectare of land created. At this
rate of cost, it would require $71 billion to recreate all of the land lost in coastal Louisiana since
1930. This is equivalent to the annual funding for the U.S. Department of Agriculture (USDA)
(Turner, 2009). These marsh creation projects are relatively new, and we must find out more
cost-effective ways to create land or we will not be able to restore the coast. Recently, there has
been increasing evidence that natural ecosystems can provide solutions of comparable
effectiveness to modern day engineering problems. This would result in considerable economic
savings for construction and maintenance of ecosystem functions. There have been studies that
demonstrate the benefits of ecosystem-based adaptations and strategies for marine and coastal
issues such as sea level rise and subsidence. These types of strategies and other ecologically
informed schemes could provide coastal communities with sustainable and effective approaches
to modern day challenges of life on the water (Dugan et al., 2011).
The deltaic and coastal wetlands of southern Louisiana have some of the highest land loss
rates in the world. However, right in the middle of this rapidly disappearing region are the
islands of the Atchafalaya delta, which have grown consistently since the great flood of 1983.
The Atchafalaya River carries about 30% of the Mississippi River flow towards the Gulf of
Mexico, and the flow diversion is controlled by a flow control structure (Boesch et al., 1994).
The Atchafalaya Bay is located at the mouth of the Atchafalaya River and is one of the very few
areas in coastal Louisiana where land is actually forming rather than disappearing. The
Atchafalaya River is the only active distributary of the Mississippi River, and also has the Red
River as a tributary. Both the Atchafalaya and Red Rivers carry considerable amounts of silt in
their flow and deposit their sediment loads into the shallow Atchafalaya Bay; creating a perfect
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environment for land formation. The entire bay is designated as a wildlife management area and
is protected by the state. The accretion of land in the area provides a blueprint of how river
diversions from the Mississippi can build sustainable wetlands (Gramling and Hagelman, 2005).
A study conducted in the Atchafalaya Basin revealed that between 1980 and 1986 the
wetland elevation increased vertically by 6 cm. However, the Atchafalaya Delta was, and still is,
subsiding at a rate of about 0-0.85 cm (8.5 mm) year-1, and is highest at the sediment surface, and
particulate settling/dewatering rates decrease exponentially with an increase in depth. The overall
average net accretion in the Atchafalaya Basin during 1983 alone was 9 cm, which was more
than double the accretion rate of any other year during the study (Shaffer et al., 1992). This
extreme accretion rate is attributed to the great spring flood of 1983, which resulted in much
longer inundation periods across the entire basin. The growing delta of the Atchafalaya Bay
represents the first stage in delta formation at a river mouth, and can be studied and used for
future marsh creation projects. A study by van Heerden et al. (1982) showed that the land growth
of the Atchafalaya Delta was episodic and is directly related to major flood events. These events
also help plant succession by smothering them with sediments, longer inundation periods, and a
shorter growing season (Shaffer et al., 1992).
There are considerable differences in wetland loss rates and patterns between different
regions of coastal Louisiana. The location of this study is in the Barataria Basin region, for
example, and it has experienced the most accelerated increase in land loss rate over the past 40
years, and currently loses 2% of the entire Mississippi Deltaic Plain each year (Boesch et al.,
1994). Many consider the Barataria-Terrebonne Estuary to be the most fragile and complex
portion of the Louisiana coastline. During the formation of the current path of the Mississippi
River to the Gulf of Mexico, the Barataria-Terrebonne Estuary was one of the most geologically
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active portions of the Mississippi Deltaic Plain. This area located between the Mississippi River
and Atchafalaya Basin levees, comprises of one of the largest hardwood swamps in North
America, and is in the Atchafalaya River floodplain. These two powerful rivers and their levees
deprive the land between them of the sediment load needed to maintain it and that once created
the land. Wetlands located between distributary levees, such as Barataria Bay, typically have
organic rich soil. The structure of Louisiana coastal wetlands is determined by the distribution of
sediments at and below the surface, which can allow for accumulations of organic matter from
the emergent wetland vegetation forming peat deposits (Tweel and Turner, 2014). Salt water
wetlands in this area can have up to 5% inorganic volume, while freshwater wetlands in these
areas have close to zero (Gramling and Hagelman, 2005). The vertical accretion in these types of
wetlands is comprised of a balance between belowground production and organic decomposition,
which is entirely based on organic accumulation (Turner, 2009). This is the area of greatest
erosion and land loss rates within coastal Louisiana, and the most desperate for help.
Wetland vegetation provides the foundation for wetland structure and function, which
many important ecosystem services rely on (Mendelssohn et al., 2012). When delta waters are
shallow enough, it allows for emergent wetland plants to become rooted in the inorganic
sediment, drastically changing the quality and quantity of sediment being accumulated. This
causes an abrupt change in the ecology of the wetland, allowing a new way for soils to
accumulate (Turner, 2009). Vegetated wetlands, like the ones located in coastal Louisiana, are
the key to Louisiana’s fish and shellfish production, but also play a more important role. The
wetland plants, especially the different types of marsh grasses, serve another important function;
the complex intertwining root system of these wetland plants are an important structural
component for the marsh soil, especially for highly organic soils (Spera et al., 2020).
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Louisiana is losing 25-35 square miles of coastal wetland every year, making the muddybrown water of the Mississippi River that flows through the Davis Pond Diversion Structure
essential to the plants, estuaries, and the state (Gomez, 2003). Since the Davis Pond diversion
began operation in 2007, the sediment influenced area has grown to be three times as large, from
4.8 km2 to 15.1 km2. This was important for the study because the original designers
hypothesized that the diversion would not add useful sediment to the wetlands. The Davis Pond
Diversion resulted in a 58% increase in average bulk density and a 100% in mineral density in its
first 11 years of operation. As expected, the highest concentrations of mineral density occurred
closest to the diversion inflow and decreases with an increase in distance from the river (Spera et
al., 2020). Recent studies have shown that the Davis Pond diversion effectively captures finegrained sediment from the Mississippi River resulting in a sediment retention rate up to 81%
during moderate and low flow conditions (Spera et al., 2020). Increase in soil mineral content
and consolidation have been proven to reduce the vulnerability of freshwater wetlands in the
Mississippi River Delta.
This study analyzes soil properties of dredged sediment from the bed of the Mississippi
River used to regrow marsh areas in Barataria Bay. The marsh soil, including the sandy sediment
from the Mississippi River, was experimentally tested for several soil properties used to
determine how well vegetation is growing, 5 years after planting occurred, in order to determine
the marsh’s trajectory in an effort to revitalize the marsh in the Barataria Basin. An extensive
pre- and post-construction monitoring program was implemented for the Caernarvon diversion to
ensure maximum benefits, which also needs to be conducted for all other diversion and dredging
projects. This included a three-year pre-construction monitoring of the hydrology, biology, and
sediment quality of the project site, and continued monitoring after construction was complete.
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Monitoring included fish harvests from the area, submerged and emerged vegetation, and
wildlife populations (Chesney et al., 2000). Post-project monitoring is extremely important for
large-scale projects like river diversions and dredging activities to ensure the money was not
wasted and that future projects and investments will be successful. This is why this study
conducted in Barataria Bay is so important, because the analyses and results can be used for
future projects all over the world.
1.5 Synopsis of Chapters
In Chapter 2, the results from the two marsh creation areas are compared to the results
from the control marsh in order to determine the similarities and differences between the created
marsh soil and a natural marsh soil. The first few years after a marsh is created is critical for the
vegetation to become established in the substrate because their roots provide the basis of the
foundation for the marsh soils and for all biogeochemical processes.
In Chapter 3, the results from this study are compared to the initial study conducted by
Wood (2017), which took place approximately one year after vegetation was planted. The results
from Wood (2017) will be compared to the results of the surface soil layer from this study in
order to determine what has occurred in the marsh creation areas in the past 4 years. This
analysis is crucial for our study to determine the trajectory of these marsh creation areas. By
analyzing the soil properties of the created marsh 5 years after planting occurred, the trajectory
of the marsh can be hypothesized.
In Chapter 4, the two datasets from Wood (2017) and this study are used to hypothesize
future trajectories. Using the results from Wood (2017) as a year 1 dataset and the results of the
0-5 cm soil from this study as a year 5 dataset, the future values were extrapolated for select soil
properties based on a linear model.
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2. CHAPTER 2. DIFFERENCES IN SOIL PROPERTIES BETWEEN
CONTROL WETLAND AND ENGINEERED WETLAND IN
BARATARIA BAY, LOUISIANA
2.1 Introduction
Louisiana’s economy and environment are centered around its coastal wetlands, which is
why there are extensive amounts of money and time being dedicated to researching how to slow
the land-loss rates in coastal Louisiana. When coastal wetlands are lost due to relative sea-level
rise, land use changes, or hydrology alterations, the carbon stored within the soil is converted to
CO2 and released into the atmosphere, and the potential for future carbon sequestration is lost.
Consequently, there is a need for wetland creation to put C sequestration potential back into the
landscape. Post-project monitoring is essential for the future of coastal Louisiana in order to
determine what is working and what is not in terms of coastal restoration. Widespread coastal
land loss has prompted marsh restoration and creation projects around the world, although little
is known about the post-construction trajectory of ecosystem services of an engineered marsh.
Once the wetland is restored, few studies have been conducted to determine the blue carbon
storage capacity of the newly created marsh or its ecosystem services that rely on carbon
accumulation (Abbott et al., 2019).
Wetlands are an important factor in the global atmospheric carbon cycle due to their
ability to sequester large amounts of organic matter through sediment accumulation, high plant
productivity, and low rates of microbial respiration. Coastal wetland plants, including
macrophytes and algae, assimilate carbon dioxide and store it as biomass or as soil organic
matter for long-term storage. Coastal marshes are considered important blue carbon ecosystems
due to their environmental conditions that are ideal for long-term carbon storage and carbon
accumulation rates (Abbott et al., 2019). These conditions include frequent flooding and low
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redox potential which retards decomposition. This environment allows for coastal marshes to act
as a net sink for atmospheric greenhouse gases, including CO2, which is a critical ecosystem
service that can be restored or enhanced with marsh creation and restoration practices. Abbott et
al. (2019) studied soil samples from five dredge spoil-created marsh areas of different ages
ranging from 5-32 years old. They found that on average the carbon accumulation rates increased
with age of the wetland. This was similar to the Suir et al. (2019) assessment of carbon
accumulation rates with time (chronosequence) and space all across the coastal zone of
Louisiana. They found that although restored marshes provide many ecosystem benefits, the
carbon accumulation rates were generally higher in areas of high river connectivity or more salt
tolerant plant species. On average, natural marshes had higher carbon accumulation rates than
the restored marshes, and most showed an increased carbon accumulation rate over time (Suir et
al., 2019).
Apart from marsh age, the carbon accumulation rates were mostly influenced by plant
stem densities in the five created marsh areas (Abbott et al., 2019). This finding could have
implications for the design and planning of marsh creation projects through dredging or
diversion practices. This emphasizes the importance of creating marsh areas with sufficient
elevations after consolidation and dewatering for plant and root establishment of high-density
species. Plants with higher stem densities will increase sedimentation through trapping, and
therefore increase the carbon accumulation rates (Abbott et al., 2019). This study, among others,
emphasizes the necessity for long-term monitoring of marsh creation areas and modeling for
response to potential sea-level rise, sediment availability, and climate scenarios.
Another valuable ecosystem service of wetlands is water quality improvement. Natural
wetlands can remove nitrate from surface water runoff through denitrification, a process which
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converts bioavailable N to N2 gas, but restored wetlands often fail to deliver N removal rates of
natural systems for some time (Ballentine et al., 2014). This could be because the key drivers for
denitrification, such as soil carbon, microbial communities, or hydrologic connectivity, are slow
to develop in newly restored wetlands (Hurst et al., 2016; Theriot et al., 2013). Wetlands can
remove nitrate through plant uptake, but also by microbial respiration processes (Reddy and
DeLaune, 2008). For example, VanZomeren et al. (2012) found that 36% of nitrate was taken up
by macrophytes, while the remaining 64% was denitrified. If N is stored in plants or microbial
biomass, this can result in N-enrichment of the wetland (Inglett et al., 2011). Excessive inputs
can overwhelm a wetland system resulting in decreased removal potential of nitrate over time
(Kadlec, 2008). However, nitrate can be completely removed from the wetland system by
reducing nitrate to the nitrogen gasses nitric oxide (NO), nitrous oxide (N2O), or the harmless
dinitrogen (N2), through the process of denitrification (Ballentine et al., 2014; White and Reddy,
2003).
Of the many ecosystem services wetlands provide, the importance of their carbon
sequestration abilities and greenhouse gas emission reduction potential cannot be overstated
(Sapkota and White, 2019). Protecting the coasts of the world will be an important topic in the
future in order to secure the livelihood and infrastructure of coastal cities around the world.
Wetlands are even on the cusp of providing financial services through the development of
wetland carbon offset methodologies, which could generate substantial funds to support
restoration projects and ultimately help reduce carbon dioxide emissions (Berkowitz and White,
2013). Due to these reasons, Louisiana has invested into the future by allocating nearly $18
billion in funds for marsh creation dredging projects over the next 50 years in the 2017 Coastal
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Master Plan (Abbott et al., 2019; LCPRA, 2017). Wetland restoration and conservation is only
going to become more important in the future as the climate becomes more unpredictable.
Natural wetlands are known for their highly efficient water quality improvement
functions, but restoring a wetland, such as coastal marshes, to recover some of these ecosystem
services is difficult. Often times these projects go unevaluated and never rise to expectations.
Studies show that key drivers for restored wetlands such as denitrification and organic carbon in
the soil are slow to develop to the levels of a natural marsh (Ballentine et al., 2014; Hurst et al.,
2014; Theriot et al., 2017). That is one of the goals of this study: to determine the early
trajectory of soil properties of a newly created marsh. Specific objectives include 1) analyzing
the original dredged sediment and the newly accreted soil for soil physicochemical and microbial
properties; 2) compare these results at year 5 with findings from year 1, 3) predict relative rates
of recovery for these important soil properties when compared to an adjacent natural marsh.
2.2 Materials and Methods
2.2.1 Study Site
The study site is located proximal to Lake Hermitage which is located in the northeast
portion of Barataria Bay, Louisiana, just west of the Mississippi River (89.854° N, 29.557° W;
Figure 2.1). The Lake Hermitage Marsh Creation project was a compensatory restoration site
from natural resource damage caused by three separate accidents involving the release of oil or
natural gas in to the environment (Wood, 2017). Sediment was dredged from the bed of the
Mississippi River and hydraulically pumped through a pipeline to the Lake Hermitage site
throughout September and October of 2014, and created ~29 ha of marsh. Spartina alterniflora
and Spartina patens are two native plant species that were planted at the marsh creation areas in
October, 2015, approximately one year after the sediment was placed, allowing for sediment
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consolidation. A nearby natural marsh was chosen as the control for comparison. Natural is
defined for the purpose of this study as a marsh in which no dredged sediment has been placed
and no known anthropogenic disturbances have occurred. The relative elevation of the control
site was similar to the marsh creation areas. Soil samples for this study were collected on August
11th, 2020 approximately six years after the dredged material was placed and five years after
planting occurred. The surface water salinity of the marsh was found to be 4.74 PSU during the
time of sampling.

Figure 2.1. Location of Lake Hermitage within Barataria Bay is just west of the Mississippi
River and is represented by a star (2933’32.4” N 8951’18.0” W; Google Earth).
2.2.2 Sampling Process and Methodology
During an initial study conducted in 2016, eight sampling stations were established
within marsh creation area 1 (MCA-1), marsh creation area 4 (MCA-4), and the control marsh,
for a total of 24 sampling locations (Figure 2.2) (Wood, 2017). At each sampling location, the top
10 cm of soil were collected in the field by push core due to the homogeneity of the sandy
dredge material (Figure 2.3). Upon return to the site in 2020, there was a noticeable accretion of
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Figure 2.2. A. Aerial image of Lake Hermitage marsh creation project prior to sediment
placement in Spring 2014 with fill areas outlined in yellow. B. Aerial image of Lake Hermitage
marsh creation project after sediment placement in Spring 2015. Fill areas and natural marsh
sample sites are designated with yellow circles (Louisiana Oil Spill Coordinator’s Office).

Figure 2.3. Samples were collected through a push core in the marsh creation areas and natural
marsh. Pictured above is marsh creation area 4.
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organic matter on top of the underlying sandy material. Therefore, soil samples were separated
into 0-5 cm and 5-10 cm sections for a total of 48 soil samples in order to capture changes in the
newly accreted soil layer as well as the dredge material. Samples were extruded in the field and
placed in pre-labeled Ziploc bags, and stored on ice, and brought back to the Wetland and
Aquatic Biogeochemistry Laboratory (WABL) at Louisiana State University (LSU). The total
weight of each sample was recorded and the samples were then transferred into polyethylene
containers and stored at 4°C until analysis. Each soil sample had the following soil
physiochemical and microbial properties determined.
2.2.3 Soil Physicochemical Properties
The soil physiochemical properties analyzed were moisture content, bulk density, percent
organic matter, total nitrogen, total carbon, and total phosphorus, extractable DOC, NH4+, NO3-,
and SRP. For determining the moisture content in the soil, the subsamples were weighed before
and after drying at 70° C until constant weight. To calculate the bulk density for each sample, the
dry weight of the total soil was divided by the volume of the 5 cm core section. The loss of
ignition method at 550°C for 4 hours was used to determine the weight percent organic matter
(%OM) of the soil by dividing the weight of the ashed sample by the pre-burn weight (Sparks,
1996). Total C and N values were determined using a Costech 1040 CHNOS Elemental
Combustion System on dried, ground subsamples of soil with method detection limits of 0.005 g
C kg-1 and 0.005 g N kg-1 (Costech Analytical Technologies, Inc. Valencia, California). Total
phosphorus (P) was determined by using the ashing method after Anderson (1976). Dried,
ground subsamples of ~0.5 g were weighed and placed into 50 mL beakers. The beakers were
then placed into a muffle furnace at 550°C for 4 hours. Twenty mL of 6.0 M HCl was added to
each beaker, beakers were placed on a hot plate at 100-120°C until dry, and then the temperature
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was raised to high for an hour. Then, the samples were saturated with 2.25 mL of 6.0 M HCl and
placed on a hot plate until near boiling. Once cooled, samples were filtered through a Whatman
#41 filter into 50 mL volumetric flasks and diluted to volume with deionized water. Samples
were analyzed for total P using a SEAL AQ2 Automated Discrete Analyzer (SEAL Analytical
Inc, Mequon, Wisconsin) with a detection level 0.02 mg P L-1 (USEPA, 1993).
Extractable dissolved organic C (DOC) was determined on ~4g of homogenized field
moist sample that was placed into centrifuge tubes. The samples were then extracted by adding
25 mL of 0.5 M K2SO4 and shaken on a longitudinal shaker for 30 minutes, centrifuged for 10
minutes at 5213 g, and filtered through a 0.45 µm membrane filter. Samples were then acidified
to a pH < 2 with HCl. The DOC concentrations were determined using a Shimadzu TOC-V CNS
Analyzer (Columbia, MD).
Extractable NO3-, NH4+, and soluble reactive phosphorus (SRP) were determined by
extraction using 4 grams of homogenized field moist soil samples placed into 40 mL centrifuge
tubes. Then, 25 mL of 2.0 M KCl was added to each centrifuge tube and the samples were then
placed on a longitudinal shaker for 30 minutes. The samples were then placed in the Sorvall RC,
5C Plus Centrifuge (Weaverville, North Carolina) for 10 minutes at 5213 g. After centrifugation,
the samples were vacuum filtered through a 0.45 µm membrane filter into 20 mL scintillation
vials, acidified to a pH < 2, and stored at 4° C until analysis. The samples were analyzed using a
SEAL AQ2 Automated Discrete Analyzer (SEAL Analytical Inc, Mequon, Wisconsin) with a
detection limit of 0.012 mg N L-1 and 0.002 mg P L-1, respectively.
2.2.4 Microbial Biomass Carbon and Nitrogen
Microbial biomass C and N (MBC and MBN) were determined using the Brookes et al.
(1985) method of chloroform-fumigation with modifications by White and Reddy (2003). A
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fumigate and non-fumigate sub-samples were prepared for each sample by weighing out 4 grams
of homogenized field moist sample into centrifuge tubes. Non-fumigate samples were extracted
with 25 mL of 0.5 M K2SO4. Fumigate samples were vacuum sealed in a glass desiccator and
fumigated with chloroform for 24 hours, then extracted with 25 mL of 0.5 M K2SO4. All samples
were shaken on a longitudinal shaker for 30 minutes, centrifuged for 10 minutes at 5213 g and
10 C, and filtered through a 0.45 µm membrane filter. Samples were acidified with HCl to a pH
< 2, and refrigerated at 4° C until analysis. Microbial biomass C and N were analyzed using a
Shimadzu TOC-V CNS Analyzer. The size of the microbial pool is represented by the difference
between the fumigate and non–fumigate total dissolved C and N.
2.2.5 Potentially Mineralizable Nitrogen (PMN)
The PMN rate represents the N mineralization rates under anaerobic conditions and was
determined by the method described in White and Reddy (2000). Four replicate samples were
assigned for each soil sample; 0, 2, 5, and 10 days of incubation. For the time zero samples, ~ 5.0
g samples were extracted with 25 mL of 2.0 M KCl, placed on a longitudinal shaker for 30
minutes, and centrifuged for 10 minutes at 5213 g and 10° C. Then, each sample was filtered into
a 20 mL scintillation vial through a 0.45 μm membrane filter, acidified to pH < 2, and stored at
4° C until NH4+ analysis. For the 2, 5, and 10-day incubation samples, 10 g of moist field
subsamples were weighed and placed into glass serum bottles. The serum bottles were capped
with rubber stoppers and sealed with aluminum crimp caps. All bottles were vacuum evacuated
until -67 kPa pressure then purged with N2 for 20 minutes to create anaerobic conditions. Then,
10 mL of N2-purged, filtered, sample-site water was added to each bottle to create a slurry.
Samples were then placed in a Jeio Tech Lab Companion IS-971R (Seoul, Korea) refrigerated
and incubated orbital shaker at 100 rpm at 40° C. On designated days, samples were removed
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from the incubator and 30 mL of 2.0 M KCl was added to each bottle using a syringe, and
samples placed on a longitudinal shaker for 30 minutes. Samples were transferred into centrifuge
tubes and centrifuged for 10 minutes at 5213 g at 10° C. Samples were filtered into 20 mL
scintillation vials through a 0.45 μm membrane filter, acidified to pH < 2, and stored at 4°C until
NH4+ analysis. The NH4+ concentrations for each sample were measured by a SEAL AQ2
Automated Discrete Analyzer (SEAL Analytical Inc, Mequon, Wisconsin; USEPA 1993). The
concentration of N was then plotted over time and the slope provided the PMN rate.
2.2.6 β-glucosidase Enzyme Activity
The β-glucosidase enzyme activity is a measure of carbon decomposition by determining
extracellular enzyme activity from microbes within the soil (Wood, 2017). Samples were
analyzed within 72 hours of the field sampling by measuring one gram of homogenized field
moist soil from each sample, and adding 30 mL of deionized water and then placed in a 125 mL
bottle. The soil slurry was then mixed on a longitudinal shaker for one hour to ensure
homogenization. Then, 150 µL of soil slurry was pipetted into a 96-well microplate using an 8channel automated pipette, and 110 µL of a 0.05 M solution 4-Methylumbelliferyl β-Dglucopyranoside substrate was added to each well in the microplate. Immediately after addition
of substrate, the microplates were analyzed on a Bio Tek FLx800 Microplate Fluorometer
(Winooski, Vermont) for fluorescence for a Time 0 reading. Subsequent readings for
fluorescence were taken after 2 hours, 6 hours, and 24 hours to attain a linear rate of substrate
hydrolysis. A quench curve was run to determine any potential soil color interference for the
samples. The 4-Methylumbelliferyl β-D-glucopyranoside substrate was used because of the
increased fluorescence produced when β-glucosidase enzymes cleave the substrate (Sinsabaugh
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et al., 1997). Enzyme activities were calculated as nanomoles of 4-methylumbelliferone
(fluorescence) released per gram of dry soil weight over time (Prenger and Reddy, 2004).
2.2.7 Statistical Analysis
Physicochemical and microbial properties were compared using one-way ANOVA (α <
0.05) to identify significant differences among sites and different soil depths. There were slight
differences noticed between the two fill sites, so analyses were conducted comparing each fill
site to the control marsh, along with comparing the two fill sites to each other. Data are presented
as a mean of all samples ± 1 standard deviation in Table 2.1, and the data are presented as a
percent of the control marsh average values in Table 2.2. A Pearson’s correlation matrix was
generated for all soil characteristics for each soil depth separately, with the 0-5 cm soil layer
represented in Table 2.3 and the 5-10 cm soil layer represented in Table 2.4, and both depths
combined in Table 2.5. Critical values for Pearson’s r with n = 48 at α = 0.01 is > 0.354 and for
α= 0.001 is > 0.443. Critical values for Pearson’s r with n = 24 at α = 0.01 is > 0.496 and for α=
0.001 is > 0.607.
2.3 Results and Discussion
2.3.1 Soil Physiochemical Properties
The two marsh creation areas had an average moisture content of 40.5 ± 19.6%, while the
control marsh had a significantly higher (p<0.001) average moisture content of 84.4 ± 3.1%. The
0-5 cm soil from the two marsh creation areas had an average moisture content of 53.0 ± 18.7%,
while the 5-10 cm soil had a significantly lower (p<0.001) average moisture content of only 28.1
± 10.5%. The 0-5 cm soil within the control marsh had an average moisture content of 86.3 ±
2.2%, while the 5-10 cm soil also had a significantly lower (p<0.01) average moisture content of
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82.4 ± 2.5%. Overall, combining data from both marsh creation areas and both depths, the
average moisture content was only 48% of that of the control marsh (Table 2.2).
Table 2.1. Combined depth average values  1 standard deviation for the marsh creation areas,
the average values  1 standard deviation for the 0-5 cm soil in the marsh creation areas, and the
average values  1 standard deviation for the 5-10 cm soil in the marsh creation areas.
Soil Properties
Combined
0-5 cm soil
5-10 cm soil
Average
Bulk Density (g cm-3)

0.91  0.43

0.62  0.35

1.2  0.28

Soil Moisture (weight %)

40.6  19.6

53  18.7

28.1  10.5

Total Carbon (g C kg-1)

30.9  37.9

48.1  45.5

13.6  14.3

Total Nitrogen (g N kg-1)

1.78  2.3

2.95  2.66

0.58  0.88

Total Phosphorus (g P kg-1)

0.3  0.1

0.3  0.1

0.2  0.06

Extractable NH4+ (mg N kg-1)

6.75  9.81

10.6  11.9

2.92  4.6

Extractable NO3- (mg N kg-1)

0.294  0.19

0.396  0.22

0.192  0.05

Extractable SRP (mg P kg-1)

0.489  0.41

0.668  0.52

0.311  0.09

Percent Weight Organic
Matter (%)

7.27  7.73

10.8  9.14

3.74  3.34

Microbial Biomass Carbon (g
C kg-1)

1.57  1.23

2.26  1.4

0.88  0.3

Microbial Biomass Nitrogen
(g N kg-1)

0.04  0.06

0.07  0.07

0.01  0.01

Potentially Mineralizable
Nitrogen (mg N kg-1 day-1)

3.6  3.8

6.03  4.02

1.18  1.23

-Glucosidase Enzyme
Activity (nmol MUF g dw-1
hr-1)

1,358  1,485

1,629  1,432

1,086  1,487
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Table 2.2. Average soil properties percent of the control values, at 0-5 cm and 5-10 cm within
the marsh creation areas (MCA average/Control average).
Soil Properties

Combined Depths
(% of Control)

0-5 cm soil (% of
Control)

5-10 cm soil (% of
Control)

Bulk Density

596

405

784

Soil Moisture

48.1

62.8

33.3

Total Carbon

17.9

28.0

7.91

Total Nitrogen

14.2

23.7

4.65

Total Phosphorus

32.6

39.7

25.6

Extractable NH4+

17.7

27.8

7.67

Extractable NO3-

16.4

21.9

10.8

Extractable SRP

33.1

45.3

21.1

Percent Weight
Organic Matter
Microbial Biomass
Carbon

19.4

28.8

9.95

16.6

24.0

9.30

Microbial Biomass
Nitrogen

25.4

47.0

0.34

Potentially
Mineralizable
Nitrogen
-Glucosidase
Enzyme Activity

15.6

26.1

5.10

17.3

20.7

13.8
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Table 2.3. Correlation matrix of soil properties for the 0-5 cm soil layer. Critical values for Pearson’s r with n = 24 at α = 0.01 is >
0.496 and for α= 0.001 is > 0.607.
BD

MC

NH4

NOx

SRP

BD
MC
NH4
NOx
SRP
TC

%OM
-0.84
0.92
0.49
0.59
0.78
0.99

-0.97
-0.48
-0.42
-0.71
-0.83

0.53
0.46
0.77
0.91

0.06
0.80
0.48

0.26
0.59

0.77

TN
TP
PMN
ENZ
MBC
MBN

0.99
0.84
0.87
0.82
0.92
0.75

-0.82
-0.67
-0.69
-0.60
-0.74
-0.66

0.90
0.74
0.76
0.68
0.81
0.69

0.50
0.38
0.28
0.33
0.47
0.25

0.61
0.85
0.66
0.58
0.72
0.63

0.75
0.61
0.51
0.57
0.67
0.51

TC

TN

TP

PMN

ENZ

MBC

0.99
0.84
0.86
0.80
0.93
0.78

0.85
0.91
0.82
0.95
0.77

0.78
0.75
0.88
0.76

0.71
0.88
0.65

0.75
0.66

0.78

Percent organic matter (%OM), bulk density (BD), moisture content (MC), extractable NH4+ (NH4), extractable NO3- (NOx),
extractable SRP (SRP), total carbon (TC), total nitrogen (TN), total phosphorus (TP), potentially mineralizable nitrogen (PMN), glucosidase enzyme activity (ENZ), microbial biomass carbon (MBC), and microbial biomass nitrogen (MBN).
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Table 2.4. Correlation matrix of soil properties for the 5-10 cm soil layer. Critical values for Pearson’s r with n = 24 at α = 0.01 is >
0.496 and for α= 0.001 is > 0.607.

BD
MC
NH4
NOx
SRP
TC
TN
TP
PMN
ENZ
MBC
MBN

%OM
-0.94
0.97
0.56
0.86
0.79
1.00
0.99
0.92
0.89
0.87
0.96
0.86

BD

MC

NH4

NOx

SRP

TC

TN

TP

PMN

ENZ

MBC

-0.99
-0.62
-0.73
-0.69
-0.93
-0.93
-0.85
-0.76
-0.76
-0.89
-0.74

0.64
0.77
0.72
0.96
0.96
0.89
0.80
0.80
0.93
0.77

0.30
0.31
0.55
0.56
0.63
0.32
0.33
0.59
0.28

0.80
0.86
0.86
0.85
0.96
0.77
0.86
0.96

0.80
0.80
0.71
0.88
0.82
0.79
0.73

1.00
0.92
0.90
0.87
0.94
0.86

0.94
0.90
0.85
0.95
0.86

0.84
0.74
0.86
0.81

0.83
0.87
0.95

0.84
0.76

0.86

Percent organic matter (%OM), bulk density (BD), moisture content (MC), extractable NH4+ (NH4), extractable NO3- (NOx),
extractable SRP (SRP), total carbon (TC), total nitrogen (TN), total phosphorus (TP), potentially mineralizable nitrogen (PMN), glucosidase enzyme activity (ENZ), microbial biomass carbon (MBC), and microbial biomass nitrogen (MBN).
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Table 2.5. Correlation matrix for each soil property determined in the 0-10 cm soil layer. Critical values for Pearson’s r with n=48 at
the significance level of 0.01 are > 0.35 and for a significance level of 0.001 are 0.44.
BD
MC
NH4
NOx
SRP
TC
TN
TP
PMN
ENZ
MBC
MBN

%OM
-0.87
0.94
0.53
0.63
0.79
1.00
0.99
0.87
0.87
0.83
1.00
0.99

BD

MC

NH4

NOx

SRP

TC

TN

TP

PMN

ENZ

MBC

-0.98
-0.55
-0.47
-0.70
-0.86
-0.86
-0.73
-0.72
-0.65
-0.86
-0.86

0.59
0.51
0.75
0.93
0.92
0.79
0.77
0.72
0.93
0.92

0.13
0.55
0.52
0.54
0.49
0.31
0.33
0.52
0.54

0.40
0.63
0.64
0.83
0.71
0.58
0.63
0.64

0.80
0.78
0.66
0.66
0.70
0.80
0.78

0.99
0.87
0.87
0.82
1.00
0.99

0.88
0.90
0.83
0.99
1.00

0.81
0.73
0.87
0.88

0.71
0.87
0.90

0.82
0.83

0.99

Percent organic matter (%OM), bulk density (BD), moisture content (MC), extractable NH4+ (NH4), extractable NO3- (NOx),
extractable SRP (SRP), total carbon (TC), total nitrogen (TN), total phosphorus (TP), potentially mineralizable nitrogen (PMN), glucosidase enzyme activity (ENZ), microbial biomass carbon (MBC), and microbial biomass nitrogen (MBN).
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Typically, moisture content is inversely related to bulk density in wetland soils. The 0-5
cm samples in the marsh creation areas had an average bulk density of 0.62 ± 0.35 g cm-3, while
the 5-10 cm samples had a significantly higher (p<0.001) average bulk density of 1.20 ± 0.28 g
cm-3 (Table 2.1), nearly double the surface soil; which indicates the difference in character of the
newly accreted organic soil overlying the sandy dredge material. The 0-5 cm samples within the
control marsh had an average bulk density of 0.128 ± 0.024 g cm-3, while the 5-10 cm samples
also had a significantly higher (p<0.01) mean bulk density of 0.178 ± 0.028 g cm-3. When
combining the depths, the average bulk density of the marsh creation areas was almost 6 times
higher than in the control marsh (Table 2.2).
This inverse relationship between moisture content and bulk density is typical, as
marshes with high bulk density have lower organic matter (Spera et al., 2020). The correlation
between MC and BD for this study was r=-0.98, as shown in Table 2.5. Hurst et al. (2016)
studied soil biogeochemical properties of a hydraulically restored bottomland hardwood forest
located within the Mississippi River watershed that was reconnected to the Ouachita River in
2010. By 2016, the moisture content was 79.7% of the control site and the bulk density had
decreased to a value of 0.94 g cm-3, which was only 50% higher than the control site (Hurst et
al., 2016). Although a river reconnection is not the same as a dredge marsh creation project, the
trajectories of the biogeochemical properties are related in this case, since the soil prior to
reconnection was mineral and previously farmed.
In general, weight percent organic matter of soils normally has a positive correlation with
moisture content and thus a negative correlation with bulk density. The 0-5 cm soil in the two
marsh creation areas had an average %OM of 10.8 ± 9.14%, while the 5-10 cm soil had a
significantly lower (p<0.01) average %OM of only 3.74 ± 3.34% (Table 2.1). The 0-5 cm soil
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from the control marsh had an average %OM of 40.9 ± 4.56%, while the 5-10 cm soil also had a
significantly lower (p<0.05) average %OM of 34.3 ± 5.5%. On average, the created marsh
weight %OM content was 19.4% of the control marsh (Table 2.2). These results confirm that
there is a positive correlation between moisture content and organic matter (r=0.94) and a
negative correlation to bulk density (r=-0.87). The correlation coefficients are represented in
Table 2.5 as a correlation matrix.
The two marsh creation areas had an average TC of 30.83 ± 37.9 g C kg-1, which was
only 17.9% of the control marsh (Table 2.2) at 171.9 ± 34.12 g C kg-1. However, the 0-5 cm soil
within the marsh creation areas had an average TC of 48.08 ± 45.53 g C kg-1, which was
significantly higher (p<0.01) than the 5-10 cm soil at only 13.59 ± 14.28 g C kg-1 (Table 2.1).
The 0-5 cm soil from the control marsh had an average TC of 189.7 ± 24.0 g C kg-1, which was 4
times higher than the 0-5 cm soil in the created marshes; while the 5-10 cm soil in the control
had a significantly lower (p<0.05) average TC of only 154 ± 32.9 g C kg-1, which was 11 times
greater than the 5-10 cm soil in the marsh creation areas.
The TC and TN of wetland soils are typically well correlated (White and Reddy, 2003).
The mean TN of the 0-5 cm soil within the two marsh creation areas (2.95 ± 2.67 g N kg-1) was
significantly higher (p<0.01) than the 5-10 cm soil at 0.583 ± 0.875 g N kg-1 (Table 2.1). The 0-5
cm soil within the control marsh had an average TN of 13.94 ± 1.12 g N kg-1, which was also
significantly higher (p<0.01) than the 5-10 cm soil at 10.98 ± 2.34 g N kg-1. The two marsh
creation areas had an overall average TN of 1.77 ± 2.31 g N kg-1, which accounted for only
14.2% of the control marsh (Table 2.2), at 12.46 ± 2.36 g N kg-1 (Table 2.1). The correlation
coefficient for TC and TN was highly significant at r=0.99 (Table 2.5).
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The average TP of the 0-5 cm soil within the marsh creation areas was 0.336 ± 0.145 g P
kg-1, which was significantly higher (p<0.01) than the 5-10 cm soil at only 0.216 ± 0.056 g P kg-1
(Table 2.1). This was also true in the control marsh, as the average TP in the 0-5 cm soil (0.964 ±
0.355 g P kg-1) was significantly higher (p<0.05) than in the 5-10 cm soil (0.727 ± 0.187 g P kg1

). However, the average TP for the 0-5 cm soil and the 5-10 cm soil in the control marsh were

both significantly higher (p<0.001) than in the marsh creation areas at the same depths. When
combining both depths, the marsh creation areas had an average TP of 0.275 ± 0.124 g P kg-1
(Table 2.1), which accounted for 32.6% of the control marsh soil (Table 2.2) at 0.846 ± 0.355 g P
kg-1. Phosphorus is an important limiting nutrient that regulates productivity, but can also cause
wetland eutrophication and degrade water quality when in excess. Most wetland studies consider
total phosphorus, but this parameter alone does not sufficiently account for mechanisms
regulating bioavailability of phosphorus due to the differences between organic and inorganic
phosphorus (Spera et al., 2020).
Coastal marshes are considered “blue carbon” ecosystems because of their high soil
carbon concentrations and accumulation rates. Abbott et al. (2019) studied a chronosequence of
5 salt water marsh creation areas within the Chenier Plain of coastal Louisiana. The results of
this study showed that carbon stocks increased in the created marsh areas with an increase in age,
with a maximum value of 1,973 g C m-2 in the 32-year-old created marsh area. Even after 32
years, the carbon concentrations in the created marsh were not as high as the control marsh
average of 2,246 g C m-2 (Abbott et al., 2019). Marsh age is not the only relevant factor for
carbon accumulation rates. Marsh elevation, vegetation success, root densities, and tidal flushing
are all biologically important factors that influence accretion rates. Abbott et al. (2019)
determined the most influential of these factors for short-term and long-term carbon
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accumulation rates, apart from marsh age, was stem density. When assessing the progress of a
newly created marsh, relying exclusively on marsh age to analyze accumulation rates of blue
carbon may be inadequate (Abbott et al., 2019).
The restored marshes in this study had an average TC of 16.9% of the control marsh 5
years after vegetation was planted (Table 2.2), while Hurst et al. (2016) had determined a TC in
their restored marsh of 36.7% of their control site just 6 years after river reconnection.
Comparatively, our study had an average TN of 14.2% of the control after 5 years, while the
Hurst et al. (2016) study had a TN value of 45% of their control site after 6 years (Hurst et al.,
2016). It may not be a linear curve, but the trends suggest that TC and TN values will keep
increasing with time. The faster trajectory for TN in the Hurst et al. (2016) study may be related
to previous fertilization for agriculture.
Extractable nutrients are an important soil measurement as this pool of nutrients is what
is available to the plants. The average extractable N in the form of ammonium was significantly
higher (p<0.01) in MCA-1 with an average of 11.4  10.6 mg NH4+-N kg-1, than MCA-4 at only
2.09  5.96 mg NH4+-N kg-1. The 0-5 cm soil in MCA-1 was statistically similar to the 0-5 cm
soil within the control marsh, while the 0-5 cm soil in MCA-4 had a significantly lower (p<0.05)
average extractable ammonium. The 5-10 cm soil in the control marsh had significantly higher
(p<0.01) extractable ammonium than the 5-10 cm soil within MCA-1 with an average 6.5 times
higher, and an average extractable ammonium over 400 times higher than the 5-10 cm soil in
MCA-4. Overall, the extractable ammonium within the marsh creation areas had an average of
6.75  9.8 mg NH4+-N kg-1 (Table 2.1), which was 17.7% of the control marsh soil average at
38.1  32.4 mg NH4+-N kg-1 (Table 2.2). The extractable NH4+ concentrations are regulated by
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redox conditions in the soil, with flooded soils having high NH4+ concentrations whereas more
drained soils having lower NH4+ due to nitrification (White and Reddy, 2003).
The mean extractable nitrogen in the form of NO3- in the two combined marsh creation
areas was significantly higher (p<0.01) in the 0-5 cm soil with an average of 0.396  0.22 mg
NO3--N kg-1, than in the 5-10 cm soil at 0.192  0.05 mg NO3--N kg-1 (Table 2.1). The 0-5 cm
soil in the control marsh had significantly higher (p<0.001) extractable nitrogen in the form of
NO3- than the 0-5 cm soil in the two combined marsh creation areas, with an average 5.5 times
higher, at 4.07  3.8 mg NO3--N kg-1. The same was true for the 5-10 cm soil, as the control
marsh had an average extractable NO3- of over 7 times higher than the restored 5-10 cm soil at
1.94  1.1 mg NO3--N kg-1. The mean extractable nitrogen in the form of NO3- in the marsh
creation areas was only 9.78% of the natural marsh (Table 2.2), suggesting a potential nutrient
limitation on plant growth. Extractable NO3- concentrations are the inverse of the
aforementioned NH4+ concentrations, in that there are lower NO3- concentrations in flooded soils
and higher NO3- concentrations in less flooded soils.
The extractable SRP in the combined marsh creation areas was significantly higher
(p<0.05) in the 0-5 cm soil than in the 5-10 cm soil, with an average of more than double (Table
2.1). The 0-5 cm soil in the control marsh had significantly higher (p<0.001) extractable SRP,
with an average of 1.57  0.48 mg P kg-1, than the 0-5 cm soil in the combined marsh creation
areas at only 0.668  0.519 mg P kg-1. The 5-10 cm soil in the control marsh also had a
significantly higher (p<0.001) average extractable SRP (1.38  0.848 mg P kg-1) than the 5-10
cm soil in the marsh creation areas (0.311  0.091 mg P kg-1). Overall, the combined marsh
creation areas had an average extractable SRP of 33% of the control marsh average (Table 2.2).
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Hurst et al. (2016) determined an extractable ammonium average of 47.9 mg NH4+-N kg-1
in the restored bottomland hardwood forest, which was over 3 times higher than their control site
6 years after river reconnection. This could be due to the fact that there was much less vegetation
cover in the restored site than on the natural site, meaning the bioavailable nutrient uptake by
plants was much less. This situation will lead to less nitrogen removal from the soil, allowing for
NH4+ to accumulate (Hurst et al., 2016) especially under flooded conditions. This difference was
also evident in the two marsh creation areas from this study site, as MCA-1 had over 5 times the
average extractable ammonium than MCA-4. However, it was observed that MCA-1 was much
wetter and softer than the MCA-4 soil, hence the anaerobic conditions in MCA-1 likely allowed
for more ammonium to accumulate in the soil. After 5 years of vegetation establishment, this
study site had extractable ammonium of 3.5 times higher in the control marsh than the 0-5 cm
soil in the restored sites, but the 5-10 cm soil had 13 times less extractable ammonium than the
control marsh. This pattern with depth is indicative of the higher organic matter at the surface,
which is the source of the bioavailable N.
Phosphorus is often a limiting nutrient in wetland systems with low mineral input (White
and Reddy, 2003). The concentration of phosphorus with respect to carbon and nitrogen is a key
factor in determining the net primary productivity of aquatic systems. Understanding phosphorus
availability is contributed to interpreting overall health and function of a wetland (Spera et al.,
2020). Mineral content is often used to study areas of river diversion influence and compare the
phosphorus concentrations in these areas to hydraulically isolated marsh areas. These results are
similar to the Spera et al. (2020) study of the Davis Pond Diversion, where the top 10 cm of soil
were collected at 140 sampling locations in 2007 before operation began, and again in 2018. The
samples were analyzed for physiochemical properties and both organic and inorganic phosphorus
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concentrations. After 11 years of full-scale operation, the dominant source of phosphorus
changed from organic P to inorganic P in 29% of the wetland area, which was strongly correlated
to the mineral content of the soil. Inorganic phosphorus concentrations were 9 times higher in
diversion influenced areas compared to the areas that remained isolated from the riverine
sediment (Spera et al., 2020). This was the first study in the Mississippi River delta to spatially
track river diversion driven phosphorus dynamics and can provide important information for
predictive sediment diversion models for coastal restoration purposes in the future.
2.3.2 Microbial Soil Characteristics
The MBC concentrations represent the capacity for the soil to convert nutrients from
organic to inorganic forms, which affects the water quality within wetlands (Berkowitz and
White, 2013). The 0-5 cm soil in the combined marsh creation areas had a significantly higher
(p<0.001) average MBC than in the 5-10 cm soil, about 2.5 times higher (Table 2.1). Higher
microbial biomass in the surface soils compared to the subsurface soils is commonly seen in
wetland systems (Wright and Reddy, 2001). The 0-5 cm soil in the control marsh had 20%
higher mean MBC than the 5-10 cm soil, however the 0-5 cm soil in the control marsh had a
significantly higher (p<0.001) average MBC at 10.36  2.0 g C kg-1, than the 0-5 cm soil in the
combined marsh creation areas at 2.26  1.4 g C kg-1. The 5-10 cm soil in the control marsh also
had significantly higher (p<0.001) average MBC (8.49  2.1 g C kg-1), than the 5-10 cm soil in
the combined marsh creation areas (0.877  0.3 g C kg-1). Overall, the average MBC of the
combined marsh creation areas was only 16.6% of the control marsh average (Table 2.2). The
MBC accounted for 5.1% of the total carbon in the restored marsh areas, and 5.5% of the total
carbon in the control marsh.
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The 0-5 cm soil in the combined marsh creation areas also had a significantly higher
(p<0.01) mean MBN than the 5-10 cm soil with an average over 12 times higher (Table 2.1). The
same was true in the control marsh, as the 0-5 cm soil had significantly higher (p<0.05) MBN
than the 5-10 cm soil, with an average 80% higher. The 0-5 cm soil in the control marsh had
significantly higher (p<0.001) MBN, with an average of 0.183  0.06 g N kg-1, than the 0-5 cm
soil in the combined marsh creation areas at 0.067  0.069 g N kg-1. The 5-10 cm soil in the
control marsh also had significantly higher (p<0.001) mean MBN at 0.101  0.058 g N kg-1, than
the 5-10 cm soil within the combined marsh creation areas at 0.005  0.011 g N kg-1. Overall, the
average MBN of the marsh creation areas was 25.4% of the average MBN in the control marsh
(Table 2.2). The MBN accounted for only 2% of the total nitrogen in the created marsh areas,
and 1.1% of the total nitrogen in the control marsh. The MBN and MBC were well correlated
with each other (r=0.99) as shown in Table 2.5.
While the microbial pool size is different between sites, it is also important to measure
the activity of microbial processes because they are linked to important ecosystem services
(White and Reddy, 2003). The PMN rate will provide a direct measure of the microbial pool’s
transformation of organic N to inorganic N, which is a critical nutrient cycling process that
supports plant growth (Berkowitz and White, 2013). The 0-5 cm soil in the combined marsh
creation areas had significantly higher (p<0.001) PMN rates than in the 5-10 cm soil (Table 2.1).
The same was true for the control site, where the 0-5 cm soil also had a significantly higher
(p<0.01) average PMN rate than the 5-10 cm soil. The 0-5 cm soil in the control marsh had
significantly higher PMN rates with an average of 30.53  8.89 mg N kg-1, than the 0-5 cm soil
within the restored sites at 6.03  4.02 mg N kg-1. The 5-10 cm soil in the control marsh also had
a significantly higher average PMN rate at 15.7  8.79 mg N kg-1, than the 5-10 cm soil in the
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restored marshes (1.18  1.23 mg N kg-1). Overall, the average PMN rate in the restored marsh
sites accounted for only 15.6% of the control marsh (Table 2.2) and this process is related to both
the microbial pool, which ranged from 16.6-25.4% of the control, and soil organic matter which
was 19.4% of the control on average (Table 2.2).
Steinmuller et al. (2020) conducted an experiment on marsh edge erosion that had similar
findings. They collected soil samples at varying distances from the marsh edge to a depth of 1 m.
The results showed that the top 30 cm of each soil core were more biologically active than the
bottom 70 cm of the soil core due to their greater mineralization of C, N, and P (Steinmuller et
al., 2020). This suggests that PMN and other mineralization rates decrease with an increase in
soil depth. Areas with higher PMN rates generally have increased nutrient availability for
removal through plant uptake, denitrification, and other processes (Berkowitz and White, 2013).
These results are also similar to the Hurst et al. (2016) study, where they calculated an
average PMN rate to be 43% of the control marsh, just 6 years after river reconnection. This
faster trajectory is likely related to higher soil organic matter present from previous agricultural
activity compared with the river sand used to create the Lake Hermitage created marshes.
The total C:N ratio was 17:1 in the created marsh soil and 14:1 in the natural site,
indicating a greater N limitation in the created marsh soils. This difference in C:N ratio is likely
related to the lower PMN (N mineralization) rates in the created marsh.
There was no significant difference (p=0.32) in the β-glucosidase enzyme activity
between the 0-5 cm soil and the 5-10 cm soil within the marsh creation areas. The same was true
for the control marsh, as there was no significant difference (p=0.8) in enzyme activity between
the two soil depths. The enzyme activity rate within the 0-5 cm soil in the control marsh was
significantly higher (p<0.001) with an average of 8,063 ± 3,081 nmol MUF g dw-1 h-1, than the
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average enzyme activity within the 0-5 cm soil of the marsh creation areas (1,629 ± 1,432 nmol
MUF g dw-1 h-1). The same was true for the 5-10 cm soil, as the control marsh had a significantly
higher enzyme activity rate (7,641 ± 2,899 nmol MUF g dw-1 h-1) than the marsh creation areas
(1,086 ± 1,487 nmol MUF g dw-1 h-1). Overall, the enzyme activity rate of the restored site
accounted for 17.3% of the enzyme activity of the control marsh 4 years after vegetation was
planted (Table 2.2). Extracellular enzyme activity is an important indicator of microbial activity
and organic matter (Wright and Reddy, 2001). Hurst et al. (2016) found that their restored
bottomland hardwood forest had an enzyme activity rate of 35% of their control site, 6 years
after river reconnection. This higher percentage of the control for Hurst et al. (2016) might be
related to the previous agriculture land use compared to the dredged river sandy sediment in this
study.
2.4 Conclusion
Almost every soil physiochemical and microbial characteristic was significantly higher in
the control marsh soil than in the marsh creation areas. This pattern clearly indicated that the
marsh creation area soil has noticeably different indicators of biogeochemical function compared
with the natural marsh site. However, it has only been 5 years since vegetation was planted,
which suggests that created marsh sites will need a greater time period in order to attain
biogeochemical parity with the natural marsh site. While it is possible for vegetation presence
and hydrology to be restored more rapidly, the biogeochemical functions of the soil can take a
substantially greater amount of time. This may suggest that there is a lag time between
hydrologic restoration and biogeochemical functioning (Hurst et al., 2016). A study of a marsh
restoration chronosequence conducted by Berkowitz and White (2013) showed that after 20
years since restoration, restored areas still remain 16-44% below the levels observed at the
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control site. However, all three functional measures appear to follow a trajectory towards
increased functionality. The study of the 20-year-old restored wetland demonstrated that the
wetland functionality increased with age, but has not yet achieved the level of functionality
observed at the control marsh (Berkowitz and White, 2013). This is also related to a study by
Race and Christie (1982) that discussed a created marsh in North Carolina. The restored site had
considerably less organic carbon than the control site at all depths, 2 years after vegetation was
planted; and they suggested it could take up to 26 years for the organic carbon to equal the
nearby natural marsh (Race and Christie, 1982). Due to these reasons, areas with rapid rates of
land loss need to be careful about mitigating the destruction of a natural marsh with created
marsh areas.
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3. CHAPTER 3. DIFFERENCES IN THE ENGINEERED WETLAND
SOIL PROPERTIES OVER TIME
3.1 Introduction
Wetlands are areas where water covers the soil, or is present at or near the surface of the
soil for varying periods or all times of the year. There are three components to classify a wetland:
hydrology, hydric soils, and hydrophytic vegetation. If an area lacks any of these three
components under normal conditions, then it is not classified as a wetland. Not only is postproject maintenance and monitoring important for all dredging and large-scale river diversions,
but also for small-scale marsh creation projects as well, to ensure safe and effective long-term
outcomes.
Land losses in coastal Louisiana are inevitable, but will continue at a slower and more
gradual rate if restoration efforts continue. Studies have shown that when constructed together,
marsh creation and diversion projects yield better and long-lasting results due to the trapping of
sediments and land building efficiencies than they would if implemented separately (LCPRA,
2017). The CPRA has allocated $18 billion to marsh creation projects through dredging over the
next 15 years, and could dredge as much as 50 million m3 of sediment (LCPRA, 2017). To put
the land losses from hurricanes Katrina and Rita into perspective, the loss of carbon from these
storms is similar to the projected amount of carbon preserved through coastal restoration efforts
over the next 50 years. Current wetland restoration and conservation goals worldwide are
provided with a huge opportunity to include carbon sequestration as part of future wetland
conservation plans considering the significant ecosystem services they provide (DeLaune and
White, 2011). Since Louisiana is experiencing much higher rates of relative sea-level rise
compared to the rest of the world, our research is vital to inform the rest of the world of what
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might work best in combatting sea-level rise and associated coastal land loss in the coming
decades.
The first few years are very important for a newly created marsh in terms of ecosystem
function establishment. Typically, these projects undergo extensive planting in the early years to
decrease the time until wetland functions are fully restored. Due to limited funds long term,
almost all projects have limited substantial data sets over time to determine restoration of
ecosystem function trajectories. There are two ways project monitoring can be done, either
samples are collected over time to determine a trajectory or sampling takes place at one time and
is compared to different aged wetland projects and controls. This chapter is focused on the
change in soil properties with time and the two data points will be used to forecast a trajectory
over time in which the created marsh soil properties will reach the natural marsh properties. The
results from this follow-up study are compared to the initial study results conducted and
published by Wood (2017). The average results from the surface soil layer of this study (0-5 cm)
will be compared to the data from the Wood (2017) study in order to determine what changes in
soil properties have occurred over the past 4 years. The trajectory of the marsh and its future
sustainability is estimated in Chapter 4.
3.2 Materials and Methods
3.2.1 Study Site
The study site is located proximal to Lake Hermitage which is located in the northeast
portion of Barataria Bay, Louisiana, just west of the Mississippi River (89.854° N, 29.557° W;
Figure 2.1). The Lake Hermitage Marsh Creation project was a compensatory restoration site
from natural resource damage caused by three separate accidents involving the release of oil or
natural gas in to the environment (Wood, 2017). Sediment was dredged from the bed of the
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Mississippi River and hydraulically pumped through a pipeline to the Lake Hermitage site
throughout September and October of 2014, and created ~29 ha of marsh. Spartina alterniflora
and Spartina patens are two native plant species that were planted at the marsh creation areas in
October, 2015, approximately one year after the sediment was placed, allowing for sediment
consolidation. A nearby natural marsh was chosen as the control for comparison. Natural is
defined for the purpose of this study as a marsh in which no dredged sediment has been placed
and no known anthropogenic disturbances have occurred. The relative elevation of the control
site was similar to the marsh creation areas. Soil samples for this study were collected on August
11th, 2020 approximately six years after the dredged material was placed and five years after
vegetation planting occurred. The surface water salinity of the marsh was found to be 4.74 PSU
during the time of sampling.

Figure 3.1. Location of Lake Hermitage within Barataria Bay is just west of the Mississippi
River and is represented by a star (89.854°N, 29.555°W; Google Earth).
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3.2.2 Sampling Process and Methodology
During the initial study conducted in 2016, eight sampling stations were established
within marsh creation area 1 (MCA-1), marsh creation area 4 (MCA-4), and the control marsh,
for a total of 24 sampling locations (Figure 3.2) (Wood, 2017). At each sampling location, the top
10 cm of soil were collected in the field by push core due to the homogeneity of the sandy
dredge material (Figure 3.3). Upon return to the site in 2020, there was a noticeable accretion of
organic matter on top of the underlying sandy material. Therefore, soil samples were separated
into 0-5 cm and 5-10 cm sections for a total of 48 soil samples in order to capture changes in the
newly accreted soil layer as well as the dredge material. Samples were extruded in the field and
placed in pre-labeled Ziploc bags, and stored on ice, and brought back to the Wetland and
Aquatic Biogeochemistry Laboratory (WABL) at Louisiana State University (LSU). The total
weight of each sample was recorded and the samples were then transferred into polyethylene
containers and stored at 4°C until analysis. Each soil sample had the following soil
physiochemical and microbial properties determined.
3.2.3 Soil Physicochemical Properties
Soil samples were analyzed for moisture content, bulk density, percent organic matter,
total nitrogen, total carbon, and total phosphorus, extractable DOC, NH4+, NO3-, and SRP. The
moisture content in the soil was determined by weighing before and after drying of subsamples
at 70° C until constant weight. Bulk density was calculated for each sample by dividing the dry
weight of the total soil by the volume of the 5 cm core section. Weight percent organic matter
(%OM) was measured by loss on ignition at 550°C for 4 hours, using the weight of the ashed
sample divided by the pre-burn weight (Sparks, 1996). Total C and N values were determined on
dried, ground subsamples of soil using a Costech 1040 CHNOS Elemental Combustion System
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Figure 3.2. A: Aerial view of Lake Hermitage marsh creation project prior to sediment placement
in Spring 2014 with fill areas outlined in yellow. B: Aerial image of Lake Hermitage marsh
creation project after sediment placement in Spring 2015. Fill areas and natural marsh sample
sites are designated with yellow circles (Louisiana Oil Spill Coordinator’s Office).

Figure 3.3. Samples were collected through a push core in the marsh creation areas and the
natural marsh. Pictured above is marsh creation area 4.
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with method detection limits of 0.005 g C kg-1 and 0.005 g N kg-1 (Costech Analytical
Technologies, Inc. Valencia, California). Total phosphorus (TP) was determined by using the
ashing method after Anderson (1976). Dried, ground subsamples of ~0.5 g were weighed and
placed into 50 mL beakers. The beakers were then placed into a muffle furnace at 550°C for 4
hours. Twenty mL of 6.0 M HCl was added to each beaker, beakers were placed on a hot plate at
100-120°C until dry, and then the temperature was raised to high for an hour. Samples were then
saturated with 2.25 mL of 6.0 M HCl and placed on a hot plate until near boiling. After cooling,
samples were filtered through a Whatman #41 filter into 50 mL volumetric flasks and diluted to
volume with deionized water. Samples were analyzed for total P using a SEAL AQ2 Automated
Discrete Analyzer (SEAL Analytical Inc, Mequon, Wisconsin) with a detection level 0.02 mg P
L-1 (USEPA, 1993).
Extractable dissolved organic C (DOC) was determined on ~4g of homogenized field
moist sample placed into centrifuge tubes. The samples were extracted by adding 25 mL of 0.5
M K2SO4 then shaken on a longitudinal shaker for 30 minutes, centrifuged for 10 minutes at
5213 g, and filtered through a 0.45 µm membrane filter. Samples were acidified to a pH < 2 with
HCl. The DOC concentrations were determined using a Shimadzu TOC-V CNS Analyzer
(Columbia, MD).
Extractable NO3-, NH4+, and soluble reactive phosphorus (SRP) were determined by
extraction using 4 grams of homogenized field moist soil samples placed into 40 mL centrifuge
tubes. Twenty-five mL of 2.0 M KCl was added to each centrifuge tube and the samples were
then placed on a longitudinal shaker for 30 minutes. The samples were then placed in the Sorvall
RC, 5C Plus Centrifuge (Weaverville, North Carolina) for 10 minutes at 5213 g. After
centrifugation, the samples were vacuum filtered through a 0.45 µm membrane filter into 20 mL
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scintillation vials, acidified to a pH < 2, and stored at 4° C until analysis. The samples were
analyzed using a SEAL AQ2 Automated Discrete Analyzer (SEAL Analytical Inc, Mequon,
Wisconsin) with a detection limit of 0.012 mg N L-1 and 0.002 mg P L-1, respectively.
3.2.4 Microbial Biomass Carbon and Nitrogen
Microbial biomass C and N (MBC and MBN) were determined using the Brookes et al.
(1985) method of chloroform-fumigation with modifications by White and Reddy (2003). A
fumigate and non-fumigate sub-samples were prepared for each sample by weighing out 4 grams
of homogenized field moist sample into centrifuge tubes. Non-fumigate samples were extracted
with 25 mL of 0.5 M K2SO4. Fumigate samples were vacuum sealed in a glass desiccator and
fumigated with chloroform for 24 hours, then extracted with 25 mL of 0.5 M K2SO4. All samples
were shaken on a longitudinal shaker for 30 minutes, centrifuged for 10 minutes at 5213 g and
10 C, and filtered through a 0.45 µm membrane filter. Samples were acidified with HCl to a pH
< 2, and refrigerated at 4° C until analysis. Microbial biomass C and N were analyzed using a
Shimadzu TOC-V CNS Analyzer. The size of the microbial pool is represented by the difference
between the fumigate and non–fumigate total dissolved C and N.
3.2.5 Potentially Mineralizable Nitrogen (PMN)
The PMN rate represents the N mineralization rates under anaerobic conditions and was
determined by the method described in White and Reddy (2000). Four replicate samples were
assigned for each soil sample; 0, 2, 5, and 10 days of incubation. For the time zero samples, ~ 5.0
g samples were extracted with 25 mL of 2.0 M KCl, placed on a longitudinal shaker for 30
minutes, and centrifuged for 10 minutes at 5213 g and 10° C. Then, each sample was filtered into
a 20 mL scintillation vial through a 0.45 μm membrane filter, acidified to pH < 2, and stored at
4°C until NH4+ analysis. For the 2, 5, and 10-day incubation samples, 10 g of moist field
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subsamples were weighed and placed into glass serum bottles. The serum bottles were capped
with rubber stoppers and sealed with aluminum crimp caps. All bottles were vacuum evacuated
until -67 kPa pressure then purged with N2 for 20 minutes to create anaerobic conditions. Then,
10 mL of N2-purged, filtered, sample-site water was added to each bottle to create a slurry.
Samples were then placed in a Jeio Tech Lab Companion IS-971R (Seoul, Korea) refrigerated
and incubated orbital shaker at 100 rpm at 40° C. On designated days, samples were removed
from the incubator and 30 mL of 2.0 M KCl was added to each bottle using a syringe, and
samples placed on a longitudinal shaker for 30 minutes. Samples were transferred into centrifuge
tubes and centrifuged for 10 minutes at 5213 g at 10° C. Samples were filtered into 20 mL
scintillation vials through a 0.45 μm membrane filter, acidified to pH < 2, and stored at 4°C until
NH4+ analysis. The NH4+ concentrations for each sample were measured by a SEAL AQ2
Automated Discrete Analyzer (SEAL Analytical Inc, Mequon, Wisconsin; USEPA 1993). The
concentration of N was then plotted over time and the slope provided the PMN rate.
3.2.6 β-glucosidase Enzyme Activity
The β-glucosidase enzyme activity is a measure of carbon decomposition by determining
extracellular enzyme activity from microbes within the soil (Wood, 2017). Samples were
analyzed within 72 hours of the field sampling by measuring one gram of homogenized field
moist soil from each sample, and adding 30 mL of deionized water and then placed in a 125 mL
bottle. The soil slurry was then mixed on a longitudinal shaker for one hour to ensure
homogenization. Then, 150 µL of soil slurry was pipetted into a 96-well microplate using an 8channel automated pipette, and 110 µL of a 0.05 M solution 4-Methylumbelliferyl β-Dglucopyranoside substrate was added to each well in the microplate. Immediately after addition
of substrate, the microplates were analyzed on a Bio Tek FLx800 Microplate Fluorometer
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(Winooski, Vermont) for fluorescence for a Time 0 reading. Subsequent readings for
fluorescence were taken after 2 hours, 6 hours, and 24 hours to attain a linear rate of substrate
hydrolysis. A quench curve was run to determine any potential soil color interference for the
samples. The 4-Methylumbelliferyl β-D-glucopyranoside substrate was used because of the
increased fluorescence produced when β-glucosidase enzymes cleave the substrate (Sinsabaugh
et al., 1997). Enzyme activities were calculated as nanomoles of 4-methylumbelliferone
(fluorescence) released per gram of dry soil weight over time (Prenger and Reddy, 2004).
3.2.7 Statistical Analysis
Physicochemical and microbial properties were compared using one-way ANOVA (α <
0.05) to identify significant differences over time in the different soil depths between the two
studies. There were slight differences noticed between the two fill sites, so analyses were
conducted comparing each fill site to the control marsh, along with comparing the two fill sites
to each other. Data are presented as a mean of all samples ± 1 standard deviation in Table 3.1,
and as a percent of the control marsh average value in Table 3.2. A Pearson’s correlation matrix
was generated for all soil characteristics for each depth, the 0-5 cm soil layer correlations are
represented in Table 3.3 while the 5-10 cm soil layer correlations are represented in Table 3.4,
along with all 48 samples combined (Table 3.5). Critical values for Pearson’s r with n = 48 at α =
0.01 is > 0.354 and for α= 0.001 is > 0.443. Critical values for Pearson’s r with n = 24 at α =
0.01 is > 0.496 and for α= 0.001 is > 0.607.
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Table 3.1. Average values for all soil properties measured ± 1 standard deviation from the
original study conducted by Wood (2017), the 5-10 cm soil of this study, and the 0-5 cm soil of
this study.
Soil Properties

Wood (2017)
Average Values
1.25  0.33

5-10 cm soil

0-5 cm soil

1.2  0.28

0.62  0.35

Soil Moisture (weight %)

27.9  13.1

28.1  10.5

53  18.7

Total Carbon (g C kg-1)

23.6  26.8

13.6  14.3

48.1  45.5

Total Nitrogen (g N kg-1)

0.81  1.07

0.58  0.88

2.95  2.66

0.288  0.086

0.2  0.06

0.3  0.1

Extractable NH4+ (mg N kg-1)

3.08  3.3

2.92  4.6

10.6  11.9

Extractable NO3- (mg N kg-1)

0.62  0.34

0.192  0.05

0.396  0.22

Extractable SRP (mg P kg-1)

0.33  0.5

0.311  0.09

0.668  0.52

Percent Weight Organic
Matter (%)
Microbial Biomass Carbon (g
C kg-1)
Microbial Biomass Nitrogen
(g N kg-1)
Potentially Mineralizable
Nitrogen (mg N kg-1 day-1)
-Glucosidase Enzyme
Activity (nmol MUF g dw-1
hr-1)

4.0  5.6

3.74  3.34

10.8  9.14

0.71  0.52

0.88  0.3

2.26  1.4

6.91  10.5

0.01  0.01

0.07  0.07

2.08  1.73

1.18  1.23

6.03  4.02

174  168

1,086  1,487

1,629  1,432

Bulk Density (g cm-3)

Total Phosphorus (g P kg-1)
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Table 3.2. Comparing the average values percent of the control marsh soil characteristics
between the initial study conducted by Wood (2017), the 5-10 cm soil in this study, and the 0-5
cm soil of this study.
Soil Properties
Bulk Density

Percent of Control
(Wood, 2017)
583

5-10 cm soil (% of
Control)
784

0-5 cm soil (% of
Control)
405

Soil Moisture

34.9

33.3

62.8

Total Carbon

15.4

7.91

28.0

Total Nitrogen

7.42

4.65

23.7

Total Phosphorus

42.5

25.6

39.7

Extractable NH4+

15.4

7.67

27.8

Extractable NO3-

8.75

10.8

21.9

Extractable SRP

54.3

21.1

45.3

Percent Weight
Organic Matter
Microbial Biomass
Carbon
Microbial Biomass
Nitrogen
Potentially
Mineralizable
Nitrogen
-Glucosidase
Enzyme Activity

11.2

9.95

28.8

13.1

9.30

24.0

4.71

0.34

47.0

3.64

5.10

26.1

10.3

13.8

20.7
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Table 3.3. Correlation matrix of soil properties for the 0-5 cm soil layer. Critical values for Pearson’s r with n = 24 at α = 0.01 is >
0.496 and for α= 0.001 is > 0.607.
%OM

BD

MC

NH4

NOx

SRP

TC

TN

TP

PMN

BD

-0.84

MC

0.92

-0.97

NH4

0.49

-0.48

0.53

NOx

0.59

-0.42

0.46

0.06

SRP

0.78

-0.71

0.77

0.80

0.26

TC

0.99

-0.83

0.91

0.48

0.59

0.77

TN

0.99

-0.82

0.90

0.50

0.61

0.75

0.99

TP

0.84

-0.67

0.74

0.38

0.85

0.61

0.84

0.85

PMN

0.87

-0.69

0.76

0.28

0.66

0.51

0.86

0.91

0.78

ENZ

0.82

-0.60

0.68

0.33

0.58

0.57

0.80

0.82

0.75

0.71

MBC

0.92

-0.74

0.81

0.47

0.72

0.67

0.93

0.95

0.88

0.88

ENZ

MBC

0.75

MBN
0.75
-0.66
0.69
0.25
0.63
0.51
0.78
0.77
0.76
0.65
0.66
0.78
+
Percent organic matter (%OM), bulk density (BD), moisture content (MC), extractable NH4 (NH4), extractable NO3 (NOx),
extractable SRP (SRP), total carbon (TC), total nitrogen (TN), total phosphorus (TP), potentially mineralizable nitrogen (PMN), glucosidase enzyme activity (ENZ), microbial biomass carbon (MBC), and microbial biomass nitrogen (MBN).
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Table 3.4. Correlation matrix of soil properties for the 5-10 cm soil layer. Critical values for Pearson’s r with n = 24 at α = 0.01 is >
0.496 and for α= 0.001 is > 0.607.
%OM

BD

MC

NH4

NOx

SRP

TC

TN

TP

PMN

ENZ

BD

-0.94

MC

0.97

-0.99

NH4

0.56

-0.62

0.64

NOx

0.86

-0.73

0.77

0.30

SRP

0.79

-0.69

0.72

0.31

0.80

TC

1.00

-0.93

0.96

0.55

0.86

0.80

TN

0.99

-0.93

0.96

0.56

0.86

0.80

1.00

TP

0.92

-0.85

0.89

0.63

0.85

0.71

0.92

0.94

PMN

0.89

-0.76

0.80

0.32

0.96

0.88

0.90

0.90

0.84

ENZ
MBC

0.87

-0.76

0.80

0.33

0.77

0.82

0.87

0.85

0.74

0.83

0.96

-0.89

0.93

0.59

0.86

0.79

0.94

0.95

0.86

0.87

0.84

MBN

0.86

-0.74

0.77

0.28

0.96

0.73

0.86

0.86

0.81

0.95

0.76

MBC

0.86

Percent organic matter (%OM), bulk density (BD), moisture content (MC), extractable NH4+ (NH4), extractable NO3- (NOx),
extractable SRP (SRP), total carbon (TC), total nitrogen (TN), total phosphorus (TP), potentially mineralizable nitrogen (PMN), glucosidase enzyme activity (ENZ), microbial biomass carbon (MBC), and microbial biomass nitrogen (MBN).
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Table 3.5. Correlation matrix of soil properties for the 0-10 cm soil layer. Critical values for Pearson’s r with n = 48 at α = 0.01 is >
0.354 and for α= 0.001 is > 0.443.

BD
MC
NH4
NOx
SRP
TC
TN
TP
PMN
ENZ
MBC
MBN

%OM
-0.87
0.94
0.53
0.63
0.79
1.00
0.99
0.87
0.87
0.83
1.00
0.99

BD

MC

NH4

NOx

SRP

TC

TN

TP

PMN

ENZ

MBC

-0.98
-0.55
-0.47
-0.70
-0.86
-0.86
-0.73
-0.72
-0.65
-0.86
-0.86

0.59
0.51
0.75
0.93
0.92
0.79
0.77
0.72
0.93
0.92

0.13
0.55
0.52
0.54
0.49
0.31
0.33
0.52
0.54

0.40
0.63
0.64
0.83
0.71
0.58
0.63
0.64

0.80
0.78
0.66
0.66
0.70
0.80
0.78

0.99
0.87
0.87
0.82
1.00
0.99

0.88
0.90
0.83
0.99
1.00

0.81
0.73
0.87
0.88

0.71
0.87
0.90

0.82
0.83

0.99

Percent organic matter (%OM), bulk density (BD), moisture content (MC), extractable NH4+ (NH4), extractable NO3- (NOx),
extractable SRP (SRP), total carbon (TC), total nitrogen (TN), total phosphorus (TP), potentially mineralizable nitrogen (PMN), glucosidase enzyme activity (ENZ), microbial biomass carbon (MBC), and microbial biomass nitrogen (MBN).
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3.3 Results and Discussion
3.3.1 Soil Physiochemical Properties
The average moisture content of the newly created marsh from the initial study in 2016
was 26.5 ± 12.7% (Wood, 2017), which was not significantly different (p=0.7) to the average
moisture content of the 5-10 cm soil in this study at 28.1 ± 10.5%, which was comprised of
original dredged material. However, the moisture content has doubled in the last 4 years with an
average of 53.0 ± 18.7% in the newly accreted 0-5 cm surface soil layer. The moisture content
percent of control has increased from 34.9% in the initial study (Wood, 2017), to 62.8% of the
control marsh moisture content in the 0-5 cm soil layer (Table 3.2).
The average bulk density of the restored marsh has decreased from 1.27 ± 0.3 g cm-3 in
the original study (Wood, 2017), which was not significantly different (p=0.5) than the 5-10 cm
soil average bulk density in this study at 1.20 ± 0.28 g cm-3. Meanwhile, the newly accreted 0-5
cm soil had an average bulk density of half the original study at 0.619 ± 0.35 g cm-3. The initial
study had an average bulk density of almost 6 times the control marsh (Wood, 2017), while the
newly accreted 0-5 cm soil had an average bulk density of only 4 times greater than the control
marsh (Table 3.2). These results confirm that the original dredged material that was placed at the
site in 2014 has not changed appreciably in bulk density despite evidence of substantial rooting
from the now established macrophytes.
Percent organic matter is an important measure for analysis for wetland soils, especially
marshes. Assuming an average accretion rate of 1 cm year-1 in Barataria Bay, the 0-5 cm samples
should be comprised of primarily accreted organic matter and mimic the natural marsh. The
average %OM in the newly created marsh soil from the original study was 4.0 ± 5.6% (Wood,
2017), which was not significantly different (p=0.89) than the 5-10 cm soil in this study at 3.74 ±
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3.34%. The %OM is 3 times higher in the 0-5 cm soil at 10.8 ± 9.14%, due to this newly
accreted soil. The percent of control for the %OM has increased from 11% in the original study
(Wood, 2017), to 28.7% of the control in the 0-5 cm soil of this study in the past 4 years (Table
3.2).
The average TC of the restored marsh in the original study was 23.6 ± 26.8 g C kg-1
(Wood, 2017), which was not significantly different (p=0.3) than the average TC of the 5-10 cm
soil in this study at 13.6 ± 14.3 g C kg-1 (Table 3.1). However, the TC in the newly accreted
surface soil was double the initial study with an average of 48.1 ± 45.5 g C kg-1 (Table 3.1). The
TC percent of control has increased from 15.4% in the initial study (Wood, 2017), to 30% of the
control marsh in the 0-5 cm soil in this study over the past 4 years (Table 3.2).
The TN of the restored site initially had an average of 0.81 ± 1.07 g N kg-1 (Wood, 2017),
which was not significantly different (p=0.6) than the 5-10 cm soil in this study at 0.58 ± 0.88 g
N kg-1 (Table 3.1). However, the average TN in the 0-5 cm soil was over 3.5 times higher than
the initial study with an average of 2.95 ± 2.67 g N kg-1 (Table 3.1). The TN percent of control
has increased from 7.42% in the initial study (Wood, 2017), to 23.7% of the control marsh in the
0-5 cm soil of this study in the last 4 years (Table 3.2). This is related to a study conducted by
Race and Christie (1982), which data from the physical and chemical properties of marsh soils in
both Georgia and Texas show an increase in nitrogen and organic matter with age.
The average TP of the marsh creation areas in the initial study was 0.288 ± 0.08 g P kg-1,
which was significantly higher (p<0.01) than the average TP of the 5-10 cm soil in this study at
0.216 ± 0.056 g P kg-1 (Table 3.1). The average TP increased by 16% in the newly accreted 0-5
cm soil to 0.335 ± 0.145 g P kg-1, but was not significantly different (p=0.28) than the initial
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study. The TP percent of control decreased from 42.5% in the initial study (Wood, 2017), to
39.7% of the control in the 0-5 cm soil in this study (Table 3.2).
The extractable nitrogen in the form of NH4+ had an average of 3.08 mg NH4+-N kg-1
from the initial study (Wood, 2017), which was not significantly different than the 5-10 cm soil
average in this study at 2.93 mg NH4+-N kg-1 (Table 3.1). The average extractable ammonium
increased by over 3.5 times in the 0-5 cm soil layer with an average of 10.58 ± 3.6 mg NH4+-N
kg-1 (Table 3.1). The extractable NH4+ percent of control has increased from 15.4% in the initial
study (Wood, 2017), to 27.8% of the control marsh in the 0-5 cm soil over the last 4 years (Table
3.2).
The extractable nitrogen in the form of NO3- during the initial study had an average of
0.62 ± 0.34 mg NO3--N kg-1 (Wood, 2017), which was significantly higher (p<0.001) than the
average extractable NO3- in the 5-10 cm soil from this study at 0.192 ± 0.05 mg NO3--N kg-1
(Table 3.1). The 0-5 cm soil had an average extractable NO3- of 0.396 ± 0.22 mg NO3--N kg-1,
which is double the average of 5-10 cm soil but still significantly less (p<0.05) than the original
study (Table 3.1). The extractable nitrogen in the form of NO3- percent of control still increased
from the original study at 8.75% (Wood, 2017), to 13.2% of the control in the 0-5 cm soil over
the past 4 years (Table 3.2).
The average extractable SRP in the initial study was 0.33 ± 0.5 mg P kg-1 (Wood, 2017),
which was not significantly different than the average extractable SRP in the 5-10 cm soil of this
study at 0.311 ± 0.09 mg P kg-1 (Table 3.1). The average extractable SRP has increased by over
double in the last 4 years to 0.668 ± 0.52 mg P kg-1 in the newly accreted 0-5 cm soil layer
(Table 3.1). However, the extractable SRP percent of control has decreased from 54.3% in the
original study (Wood, 2017), to 45.3% of the control in the 0-5 cm soil over the last 4 years
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(Table 3.2); but was not significantly different (p=0.08) than the original study. Extractable
nutrients can be highly variable through the year as macrophytes are either taking up the
nutrients in the spring to support the growth phase or in senescence in the fall, when nutrient
requirements are low.
3.2.2 Microbial Characteristics
The average MBC of the restored marsh in the initial study was 0.71 ± 0.52 g C kg-1
(Wood, 2017), which was not significantly different than the average MBC of the 5-10 cm soil at
0.877 ± 0.30 g C kg-1 (Table 3.1). The MBC in the newly accreted 0-5 cm soil layer is over 3
times higher with an average of 2.26 ± 1.40 g C kg-1 (Table 3.1). The MBC percent of control
has increased from 13.1% in the initial study (Wood, 2017), to 24% of the control marsh in the
0-5 cm soil of this study in the past 4 years (Table 3.2).
The average MBN of the newly created marsh sites in the initial study was 6.91 ± 10.5 g
N kg-1, which was not significantly different than the 5-10 cm soil of this study at 5.33 ± 10.7 g
N kg-1 (Table 3.1). The average MBN within the newly accreted 0-5 cm soil is 12.5 times higher,
with an average of 66.7 ± 68.5 g N kg-1 (Table 3.1). The MBN percent of control has increased
from 4.71% in the initial study (Wood, 2017), to 47% of the control in the 0-5 cm soil of this
study in the past 4 years (Table 3.2).
The PMN rate represents the capacity for nutrient availability to the primary producers
within the wetland. The average PMN rate for the restored marsh in the initial study was
determined to be 2.08 ± 1.73 mg N kg-1 day-1 (Wood, 2017), which was not significantly
different (p=0.1) than the 5-10 cm soil in this study at 1.18 ± 1.23 mg N kg-1 day-1 (Table 3.1).
However, the PMN rate of the newly accreted 0-5 cm soil layer was almost 3 times higher at
6.03 ± 4.02 mg N kg-1 day-1 (Table 3.1). The PMN rate percent of control has increased from
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3.64% in the original study (Wood, 2017), to 26.1% of the control in the 0-5 cm soil of this study
over the past 4 years (Table 3.2). This result suggests that the vegetated areas have the capacity
to make much more N available which helps stimulate the growth of macrophytes and algae
(Berkowitz et al., 2018).
The β-glucosidase enzyme activity is a measure of microbial activity in the soil. The
microbial activity from the initial study was 174 ± 168 nmol MUF g dw-1 h-1 in the restored
marsh areas (Wood, 2017) (Table 3.1). The enzyme activity is significantly higher (p<0.001) in
the 5-10 cm soil of this study with an average of 1,086.1 ± 1,487.3 nmol MUF g dw-1 h-1 (Table
3.1), indicating 7.7 times increase in microbial activity over time. The average enzyme activity
of the 0-5 cm soil in the marsh creation areas was over 9 times higher than the original study at
1,628.9 ± 1,431.7 nmol MUF g dw-1 h-1 (Table 3.1). The enzyme activity percent of control has
increased from 10.3% in the initial study (Wood, 2017), to 20.7% in the 0-5 cm soil of this study
over the past 4 years (Table 3.2). This measure is a very important indicator showing that the
created marsh has a high level of microbial functioning.
The C:N ratio in the natural marsh is the same as it was in the initial study conducted in
2016, at 14:1 (Wood, 2017). However, the C:N ratio for the created marsh areas has changed
from 29:1 to 17:1. This indicator demonstrates that the newly accreted soil is a greater source of
N which will help stimulate growth of the macrophytes and algae.
3.3 Implications of Marsh Restoration
3.3.1 Carbon Sequestration
In order for society to combat future climate change scientists, engineers, and policy
makers need to work together and do what is right for both people and the environment. Coastal
wetlands are sensitive to climate change and also play a significant role in the global carbon
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cycle. The potential for coastal wetlands to store or sequester atmospheric CO2 is substantial.
The global interest in coastal wetlands for this purpose is rising as the atmospheric concentration
of CO2 sets new record highs every year (Sapkota and White, 2021). Peat soils, or histosols, have
the highest carbon content of any other soil type and form within flooded wetland environments.
Peat soils have such a high carbon content due to wetlands’ very high primary production rate,
which is higher than all other terrestrial ecosystems (DeLaune and White, 2011). Wetlands also
have a slow rate of organic matter decomposition because of their highly anaerobic environment,
especially during flooding stages, which makes an ideal carbon sink for atmospheric CO2
(DeLaune and White, 2011).
Wetlands occupy a very small proportion of total land area but account for 20-25% of all
terrestrial soil carbon. Sequestration of carbon is primarily dependent on accretion rates of
organic matter in the marsh profile in coastal Louisiana. The accumulation of soil organic matter
is affected by the decomposition rate. Understanding the fate of eroded carbon is an important
component of the wetland carbon budget (Sapkota and White, 2021). Soil organic matter is
oxidized by heterotrophic decomposers, converting organic carbon into CO2 and methane, the
two most harmful greenhouse gasses (DeLaune and White, 2011). The carbon content of
sediments off the coast of the Atchafalaya River averages only 1.17% carbon, suggesting a very
low carbon preservation rate of lost marshes. Several studies conducted in Louisiana found that
majority of the sequestered carbon in marsh sediments that are converted to open water get
oxidized and released into the atmosphere as CO2, instead of being preserved or sequestered. The
eroded carbon that is exposed to aerobic waters of shallow estuaries is also mineralized to CO2
and emitted back into the atmosphere (Sapkota and White, 2021; DeLaune and White, 2012;
Steinmuller et al., 2019). Sapkota and White (2021) also found that the age of the carbon at the
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estuarine soil surface was 388 years old, suggesting that the recently eroded carbon is not
reburied in the estuary. Coastlines that are experiencing high rates of relative sea-level rise are
susceptible to losing enormous amounts of previously sequestered carbon in a very short period
of time. The loss of coastal ecosystems reduces the potential for future carbon sequestration but
also releases large amounts of previously sequestered carbon that took decades or centuries to
accumulate (Sapkota and White, 2021). This erosion-induced emitted CO2 will then contribute to
the increasing atmospheric CO2 concentrations.
If we assume that 100 cm of soil depth is lost over time due to marsh degradation from
sea-level rise, this would amount to 300 metric tons of carbon per hectare, or 30,000 metric tons
of carbon per km of wetland will be lost. Between 1990 and 2000 wetlands were disappearing at
an estimated rate of 24 miles2 year-1 (62 km2), and in total the coastal zone of Louisiana has lost
almost 25% of its coastal wetlands since 1932 (Sapkota and White, 2021). Based on these
reported rates of 62 km of marsh lost per year, it is estimated that 1.86 × 106 metric tons of
carbon is lost per year. The total loss of carbon since the 1930’s, based on the total amount of
marsh lost since that time, would equal 147.6 × 106 metric tons of carbon lost to the atmosphere,
not including the loss of potential future sequestration of marsh (DeLaune and White, 2011).
It is becoming less difficult to accurately decide on a monetary value for coastal
restoration efforts, as the new concept of carbon credits can provide monetary value, as opposed
to economic service value, to restoration efforts. The Kyoto Protocol allows for Carbon
sequestration to be utilized to offset industrial carbon emissions. Soil carbon can now be bought
and sold like any other commodity on earth. The Chicago Climate Exchange (CCX) is the first
legally binding and rule-based entity that allows non-government organizations, corporations,
cities, and farmers to trade the release and capture of carbon dioxide and other greenhouse gasses
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(DeLaune and White, 2011). There are currently two markets for carbon trading; the compliance
market and the voluntary market. The compliance market deals with the mandatory emissions
reductions imposed by regulations. Voluntary markets were developed to give credit to private
sector companies for reducing greenhouse gas emissions in order to reduce their environmental
footprint, demonstrate corporate social responsibility, and enhance public relations (Sapkota and
White, 2019).
The opportunity to buy and sell carbon credit offers a huge incentive for coastal citizens,
landowners, and companies to be more actively involved in coastal protection and restoration
efforts. Carbon offset, or one carbon dioxide credit, is measured in ton carbon dioxide equivalent
(tCO2e), and is defined as the reduction amount of carbon dioxide emissions or the equivalent of
other greenhouse gasses (Sapkota and White, 2019; DeLaune and White, 2011). As of 2019, the
price of carbon offset (tCO2e) in California was $15.25 and is gradually increasing (Sapkota and
White, 2019). Considering carbon dioxide is only 27.3% carbon, in order to convert one ton of
soil carbon to carbon dioxide equivalent it is necessary to multiply by 3.66. For example, if the
CCX market value is $3.00 per metric ton of CO2 (one carbon credit’s worth) you would
multiply 3 × 3.66 to convert to the carbon equivalent, which would be about $11.00 per ton of
soil carbon (DeLaune and White, 2011). This allows us to be able to put a monetary value on the
carbon sequestered in Louisiana coastal marshes. Assuming an average of 300 g of organic
carbon is accumulating per square meter each year in the marsh soil at a net accretion rate of 1
cm year-1, we can calculate that about 3 metric tons of carbon per hectare is sequestered annually
through vertical accretion. At a potential value between $30 and $45/ha, it is possible to now
calculate the value of the total amount of carbon sequestered in Louisiana coastal wetlands.
Assuming a carbon credit price of $10.00 to $15.00 per ton, the carbon sequestered in the
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988,888 ha of coastal wetlands in southern Louisiana could be worth between $29.7 and $44.5
million each year (DeLaune and White, 2011).
In order to accurately predict future carbon sequestration rates, scientists must consider
wetland losses due to sea-level rise and major hurricane events, which would subtract from the
net carbon storage. It is estimated that the combined effects associated from hurricanes Katrina
and Rita in 2005 resulted in over 200 miles2 (520 km2) of coastal marsh lost. This loss alone is
equivalent to 15.4 × 106 metric tons of carbon lost, with the same assumptions from earlier. This
loss of land that occurred in 2005 is equivalent to 76% of all the wetland areas lost between 1978
and 2004 in coastal Louisiana (DeLaune and White, 2011). Hurricanes Gustav and Ike in 2008
resulted in a net loss of 320 km2 of coastal marshes in Louisiana. The combined land loss
between hurricanes Rita and Katrina in 2005 and hurricanes Gustav and Ike in 2008 was equal to
the amount of land lost throughout the 25 years leading up to hurricane Katrina (1978-2004).
Based on the net loss of 520 km2 of marsh just due to hurricanes Katrina and Rita in 2005, an
equivalent of 15.4 × 106 metric tons of carbon were lost, equating to a value between $154 and
$231 million dollars with the same assumptions as before (DeLaune and White, 2011). We can
also calculate the annual monetary loss through marsh degradation each year. With an annual
land loss rate of 1.86 × 106 metric tons, and assuming the same carbon credit price of $10.00 to
$15.00 per ton, is equal to a loss of $18.6 to $27.9 million through marsh deterioration on an
annual basis (DeLaune and White, 2011). Coastal restoration projects could yield benefits from
the growing demand of the voluntary carbon market and take advantage of these benefits
(Sapkota and White, 2019).
The carbon offset is well established in the forestry industry and is traded under both
compliance and voluntary markets. Forests absorb an estimated 12% of the atmospheric CO2
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emissions globally and deforestation accounts for 17% of all of anthropogenic carbon emissions.
The carbon sink in U.S. forests has grown by 33% since the carbon market was established
(Sapkota and White, 2019). The carbon that is sequestered and stored in coastal habitats,
including mangroves, salt marshes, and seagrass beds is called blue carbon. Although these
coastal habitats account for less area globally than terrestrial forests, the per unit area of carbon
sequestration and storage is much higher. The total carbon buried in these ecosystems is
comparable to the terrestrial forests despite the much smaller area they cover (Sapkota and
White, 2019). Coastal habitats show great potential for participation in carbon markets. Since
2012 there have been several efforts in the U.S. to introduce wetland restoration to the carbon
markets. The development of wetland carbon offset methodologies, or a blue carbon system,
could generate offsets in the growing voluntary and compliance carbon markets. The inclusion of
blue carbon methodologies will promote the economic value of wetlands and generate substantial
financial capital to support restoration projects; which will ultimately help reduce overall CO2
emissions (Sapkota and White, 2019).
Coastal restoration projects are designed to lower the rate of annual land loss, which also
needs to be considered for accurate carbon sequestration budget calculations. The value of
carbon sequestration in marshes should be accounted for in a cost/benefit analysis of future coast
restoration projects. Wetland restoration efforts could potentially reduce the land loss rate by
10%, which would result in the reduction of 0.098 × 106 metric tons of carbon lost each year.
Applying the carbon credit values to this would equal to a $0.98 to $1.47 million in savings each
year (DeLaune and White, 2011). This monetary value has the potential to sway policy makers to
fund more coastal projects in the future and to stimulate public support. Individuals or companies
could even provide funding for restoration projects to sequester carbon as an investment on the
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carbon credit value. This value on the carbon credit has the potential to boost the state’s
economy and environment.
3.3.2 Dredging and Diversion Projects
Restoring the coastal land that is lost from wetland degradation is challenging. Once a
marsh is converted to a shallow open water area, the vegetation needs to be re-established. In
order to do this, the open water area must be filled with enough mineral sediment and inorganic
matter to provide a substrate for the coastal vegetation to become established (DeLaune and
White, 2011). The most common ways to fill in these recently converted open water areas is
though sediment diversions or dredging. Enough sediment needs to be delivered to a depth in the
area that would support emergent marsh vegetation. Assuming a bulk density between 0.7-1.0
cm3, the amount of sediment needed to fill in an open water area to a depth of 1 m would be
between 700-1,000 kg sediment m-2. For an area the size of 1 km2 to be filled to a depth of 1 m
would require up to 1 × 106 metric tons of sediment. To restore the 4,000 km2 of wetlands lost
since 1930 to a depth of 1 m, would require several decades worth of Mississippi River sediment
load to be deposited over the entire area (DeLaune and White, 2011).
Dredging is very useful for small-scale projects that involve direct input of sediment to a
specific site, while river diversions are useful for a large-scale restoration of an ecosystem.
Sediment diversions target and restore potentially thousands of acres of land slowly over time,
while dredging projects target much smaller areas in need that may only be one hundred acres in
size or less but the impact is direct (LCPRA, 2017). For our study site, Lake Hermitage,
sediment was dredged from the bed of the Mississippi River and hydraulically pumped to the
exact location it was needed. Several miles of pipelines were laid, which requires research for the
best location, slope calculations, and velocity profiles all must be considered, along with the
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power of the pump to ensure the sediment arrives at the location. The Coastal Protection and
Restoration Authority (CPRA) of Louisiana has dredged almost 23 million m3 of sediment from
the Mississippi River since 2008 and has restored over 1,500 hectares of land in coastal
Louisiana (LCPRA, 2017). The sediment comes from borrow areas, or areas designated for
sediment removal due to preferred river conditions, and is pumped to specific sites in order to
nourish barrier islands, marsh, and ridge habitats. Dredging projects provide critical short-term
benefits but will not solve Louisiana’s land loss problem alone. Dredging projects are not
capable of building as much land as diversions because of their inability to collect vital
sediments such as silts and clays which help build and sustain the land. Diversions are designed
to trap and collect the silts and clays that are suspended in the river flow and deposit them in
depleted areas (LCPRA, 2017). Dredging is expensive due to the amount of manhours and
mobilization fees required. Coastal land is difficult to access and work in, so costs are normally
higher than anticipated.

Introducing river water can greatly increase plant productivity and burial of soil carbon
due to the nutrients and sediment carried by the river water. Recent models have shown that a
sediment diversion from the Mississippi River can deliver over 2 million m3 sediment to nearby
nutrient-starved wetlands each year. Sediment diversions will offer a sustainable solution that
increases storm surge protection for Louisiana’s coastal communities (LCPRA, 2017). Sediment
diversions will also bring in huge amounts of fresh water into nearby marshes, reducing salinity
and relieving stress on the coastal vegetation. The reduced salinity can reduce the rate of wetland
loss while also removing nitrate from the Mississippi River (DeLaune and White, 2011). As
previously stated, the rate of vertical accretion in coastal wetlands is dependent on the rates of
both inorganic inputs and organic soil development. Organic material mainly originates from
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plant root growth belowground which leads to organic soil formation. Inorganic material is
mostly provided in the form of sediments from riverine sources or the sea. Increasing the input of
freshwater into coastal systems can greatly reduce a number of stressors, such as salinity, also
nutrients and minerals in the water directly catalyze vertical accretion by stimulating
belowground productivity which leads to organic soil production. Freshwater inputs can be a
direct way to combat sea-level rise in coastal wetlands because the rising waters cause both salt
water intrusion and flooding of the wetlands. Nutrient enrichment from fresh water inputs can
also enhance aboveground plant production which promotes the trapping of sediments (Day et
al., 2008). Therefore, reduction of fresh water inputs due to climate change can reduce the
coastal wetland’s ability to combat sea-level rise. This has worsened over the past century as
humans have greatly reduced fresh water inputs and sediment loads to coastal areas worldwide.
3.4 Conclusion
The entire Barataria Basin is losing land at a substantial rate, but small sections can be
restored, such as Lake Hermitage, through dredging projects. The Lake Hermitage marsh
creation project has the potential to become a blueprint for marsh creation success for other
coastal areas around the country and around the world in the future. Louisiana’s high relative sea
level rise is what stable coastlines are predicted to experience in 50-75 years. Therefore, postconstruction monitoring is very important and funding is needed to determine the long-term
success. The Lake Hermitage site was visually and tangibly different than the control site, 6
years after the sediment was placed. When the results from this study were compared to the
initial study conducted 4 years prior, it is clear that this marsh is moving towards values of the
natural marsh, albeit slowly. Predicting the timelines is difficult considering there are so few
monitoring studies that are conducted 10+ years after a project is completed, which is why there
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needs to be more follow up studies so people know what to expect in the future. In chapter 4
trajectories of selected soil properties are estimated from the two time points, this study and
Wood (2017).
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4. CHAPTER 4. CONCLUSION
One of the primary goals of this study was to estimate the trajectory of the newly
created, engineered marsh soil properties within Barataria Bay, Louisiana. In order to do this, the
soil properties at Year 1 (Wood, 2017) were compared to the characterization from the current 510 cm soil layer, which is comprised mainly of the original dredge material that was placed in
2014, and the newly accreted 0-5 cm soil layer representing the past ~4 years. The soil properties
between the Wood (2017) study and the 5-10 cm soil of this study are relatively similar, and
generally increase on average between the initial study and the newly accreted soil (0-5 cm) of
this study (Figure 4.1).

Figure 4.1. Soil property mean values for the initial study conducted by Wood (2017), the 5-10
cm soil in this study, and the 0-5 cm soil of this study.

Using the mean values from the Wood (2017) study as a Year 1 and the mean values
from the newly accreted soil layer (0-5 cm) of this study as a Year 5, these two sets of data
provide a curve from which a slope was calculated and the future values were extrapolated based
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on a linear model. Due to the lack of data over time, there are only two sets of data available,
which will not accurately represent the slope of the line. However, it did provide useful
information for the engineered marsh, and can be used for future studies to determine the
marsh’s trajectory.
Using a linear model and the slope of the lines from the past 4 years, the trajectories were
plotted over time until they reached  95% of the control marsh average values. The moisture
content (MC) and microbial biomass N (MBN) were projected to reach 95% of the
control/natural marsh average values in ~9 years. The potentially mineralizable N (PMN) rate is
projected to reach 95% of the control/natural marsh values in ~17 years, followed by percent
organic matter (%OM) at ~20 years, and then total N at ~22 years. Total C is projected to reach
95% of the control marsh soil average in ~26 years (Figure 4.2), followed by the -Glucosidase
enzyme activity rate at ~33 years, and then microbial biomass C (MBC) at ~38 years. Taken on
average, the restored marsh soil properties and microbial processes, including ones which
regulate productivity and provide C sequestration, will reach 95% of the control marsh average
values after 22  9.3 years. However, when we exclude the -Glucosidase enzyme activity, due
to high spatial and temporal variability, and MBC trajectories, since that measure does not match
MBN and could be contaminated through the method; the average amount of time it will take for
the soil properties to reach 95% of the control marsh average values is 18  6.7 years.
Linear trajectories for TC, TN, %OM, and MC are displayed in Figure 4.2; while the TP
percent of the control decreased over time, so the error was too great to plot a future trajectory.
The extractable nutrients trajectories were excluded from the plot due to their high variability.
The microbial properties are also plotted in Figure 4.2, showing the PMN rate and MBN linear
trajectories. The MBC data was also excluded due to the possibility of chloroform
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Figure 4.2. Linear trajectories for moisture content (MC), percent organic matter (%OM), total carbon (TC), total nitrogen (TN),
microbial biomass N (MBN), and potentially mineralizable nitrogen (PMN).
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contamination. All 6 of the selected soil properties reach 95% of the control marsh values
within 26 years (Figure 4.2).
There are a few follow-up studies on engineered marsh areas that have been conducted
and show rapid increases in soil organic matter content as the created marsh areas age (Abbott et
al., 2019; Edwards and Proffitt, 2003; Zedler and Callaway, 2009). Abbott et al. (2019) analyzed
5 created marshes ranging in age from 5-32 years old. The organic carbon densities generally
increased with marsh age, and the bulk densities generally decreased with age (Abbott et al.,
2019). However, none of the created marshes ever reached an organic carbon density value that
was similar to the natural marsh (Abbott et al., 2019). Carbon stock was also analyzed, showing
a linear trend of carbon stock increasing with marsh age. This led to the decision of a linear trend
increase in the estimated future trajectories of soil properties in this study. These results were
similar in the carbon accumulation rates, as they increased with marsh age as well (Abbott et al.,
2019).
These results are similar to the Edwards and Proffitt (2003) study where they analyzed 4
different engineered marsh areas that were formed by the pumping of dredged sediment into
open water areas, similar to this study, and ranged in age from 3-19 years old. Instead of a linear
increase in organic matter over time, there was an exponential increase in %OM with marsh age
between the 4 created marsh areas (Edwards and Proffitt, 2003). Due to these variances between
future trajectories from the limited data available, it is uncertain what each soil property’s future
trajectories will look like. There are several different factors that could lead to future changes,
such as seasonal variability due to weather, tropical storms, and hurricanes. Some of the possible
future general trends are represented in Figure 4.3, showing what could change after year 5.
Figure 4.3 shows TN values as an example, with the linear model chosen for this study, an

77

Figure 4.3. Scatter plot showing total N (TN) as an exponential growth model with time, a linear
growth model over time, and a logarithmic growth model over time.
exponential growth model, and a logarithmic growth model, representing just three of the
possible trends these soil properties could take.
There have been a few other studies which have compared engineered wetland soil
physiochemical and microbial property improvements to the control in the early years following
a project (Theriot et al., 2013; Hurst et al., 2016). Theriot et al. (2013) examined a Mississippi
river reconnected oxbow near Memphis, TN after 2 years; while Hurst et al. (2016) examined a
bottomland hardwood forest project, that was previously farmed near the Louisiana-Arkansas
border and then reconnected to the Ouachita River, after 6 years. There are several factors which
can regulate the rate at which soil properties increase over time, one of the primary ones being
the differences in the starting states of the projects’ soil. The Theriot et al. (2013) and Hurst et al.
(2016) studies were conducted on marshes that were restored from agricultural land and
reconnected to rivers, so the soil had been previously fertilized, and likely had some organic
matter and resident microbial consortia. Whereas this study engineered a marsh from sand
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dredged from the bottom of the Mississippi River into an open water area. Therefore, this study
initiated with virgin soil conditions and hence the starting point of many soil properties were
extremely low compared to the hydrologic reconnection projects of Hurst et al. (2013) and
Theriot et al. (2016). The riparian wetland in the Theriot et al. (2013) study was once naturally
connected to the Mississippi River, so the marsh soil had microbial properties and enzyme
activity already present prior to the project, which could be the reason as to why the properties
increased at a faster rate. The bottomland hardwood forest used in the Hurst et al. (2016) study
had been fertilized for agriculture and for plant growth year over year in the past, and these
activities likely created more favorable starting conditions in the study for a marsh creation
project. The soil properties’ average values from the initial study of Lake Hermitage conducted
by Wood (2017), the newly accreted soil layer (0-5 cm) of this study, the Theriot et al. (2013)
study, and the Hurst et al. (2016) study are represented in Figure 4.4 as a bar chart.
Any and all types of marsh creation projects should have post-project sampling and
analysis to collect data that can be used for future projects to ensure effectiveness of ecosystem
services. This includes river reconnections, dredging projects, and the large-scale river diversion
projects. The trajectories for these different types of projects will be different, but the data can be
useful in any type of marsh creation project. It may not be accurate to compare a river
reconnection project to a dredging project that placed sandy sediment in an open water area, but
available data is limited. From the data that is available from past post-project monitoring and
analysis studies, the results suggest that majority of marsh creation projects may take up to 20
years of monitoring after construction or river reconnection to ensure marsh creation
effectiveness. Without the monitoring of the valuable ecosystem services that the engineered
marsh provides, they may never come to fruition in future projects. Funding for post-
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Figure 4.4. Comparison of the percent of control data sets between the Wood (2017) study, the 0-5 cm soil in this study, the Theriot et
al. (2013) study, and the Hurst et al. (2016) study.
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construction maintenance and monitoring is essential for marsh creation projects to certify
accurate design, construction practices, and implementation.
One way to ensure post-construction success of a marsh creation project is to provide the
area with an annual influx of sediments and/or nutrients, such as a nearby river sediment
diversion. If a marsh creation dredging project is implemented alone and never monitored, the
newly created marsh will inevitably drown in the Gulf of Mexico, releasing its sequestered
carbon into the atmosphere as CO2 or methane. Sea-levels will continue to rise in the Gulf of
Mexico, and the ground will continue to subside in coastal Louisiana, which will cause the newly
created marsh to sink below sea-level, as represented in Figure 4.5. However, with the nearby
proposed Mid-Barataria Sediment Diversion project, the newly created marsh areas in the
sediment-influenced portion of Barataria Bay will receive an annual influx of sediments and
nutrients to help these engineered marsh areas accrete sediment at a rate that is greater than or
equal to the rate of sea-level rise (Figure 4.6). As long as the accretion rate within the engineered
marsh areas remains greater than or equal to the rate of sea-level rise, the marsh areas and the
vital wetland vegetation and ecosystem services associated with them, will continue to function.
The post-construction monitoring of a separate Lake Hermitage marsh creation project is
outlined in the “Lake Hermitage Marsh Creation- NRDA Early Restoration Project” prepared by
the Louisiana Natural Resource Trustees of 2015. The performance criteria listed includes spatial
extent, elevation, survival of plantings, vegetation cover of plantings, and invasive species
(Louisiana Natural Resource Trustees, 2015). The CPRA currently maintains a monitoring
program that provides ecological data and research to support the planning, design, construction,
and evaluation of Louisiana’s wetland restoration projects. However, the soil and resident
physiochemical characteristics form the foundation of the ecosystem, regulating plant growth
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Figure 4.5. Illustration demonstrating the future of an engineered marsh without an influx of additional sediment and nutrients over
time due to rising sea-levels and subsidence.
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Figure 4.6. Illustration demonstrating the future of a newly engineered marsh with the influx of sediment and nutrients over time due
to a nearby river sediment diversion, increasing its ability to accrete sediment at a rate greater than or equal to sea-level rise.
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and hence habitat, water quality improvement, as well as C sequestration potential. It is
imperative that critical soil measures be included into the monitoring plan of these projects to
better discern the pathway to success.
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